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 1 
Chapter 1. Introduction 
1.1 Objectives 
 Contaminants of emerging concern (CECs) are common household and industrial 
chemicals that have increasingly and frequently been detected in wastewater treatment 
plants and in wastewater effluent impacted water bodies. Pharmaceuticals, personal care 
products, and disinfectants are amongst the myriad potentially recalcitrant, unregulated 
organic contaminants that are detected in the environment and actively being studied to 
assess their fate and toxicity risk. The goals of this dissertation are to evaluate different 
attenuation mechanisms of select pharmaceutical compounds and cationic surfactants in: 
engineered systems (namely during ultraviolet light-based advanced oxidation processes) 
and natural systems (namely by sunlight photolysis and microbial transformation). The 
resulting information will allow for prediction of contaminant lifetimes in these various 
systems and identify relevant treatment and transformation phenomena. 
1.2 Contaminants of emerging concern in the aquatic environment 
 In developed countries, municipal and industrial wastewater effluents are a major 
source of anthropogenic micropollutants or trace organic contaminants to the 
environment.1 Many pharmaceuticals and personal care products are classified as trace 
contaminants or contaminants of emerging concern (CECs) because they are a group of 
compounds that can induce biological responses at minute concentrations and produce 
unintended ecological effects. Various studies have measured numerous compounds in 
the ng/L to μg/L range in freshwater, especially in densely populated areas.1 The 
occurrence of CECs in treated wastewater and receiving water bodies signals that these 
 2 
compounds are not effectively removed during the conventional treatment process and 
raises concerns about potential negative impacts to water resources and ecosystems.2   
1.2.1 Pharmaceuticals  
 Certain pharmaceutical compounds are considered recalcitrant because removal 
during conventional wastewater treatment is limited and some like carbamazepine, an 
anticonvulsant, are known to not be susceptible to aerobic biodegradation.3 Some of these 
compounds have also shown a degree of persistence in the environment with photolysis 
being identified over biodegradation and hydrolysis as an important loss mechanism in 
sunlight-exposed surface waters.4 Additionally, research on removal of trace 
contaminants from synthetic wastewater and sludge supernatant via anaerobic treatment 
demonstrates varying degrees of contaminant loss in bench and pilot-scale experiments.5–
8 The relative risks of these compounds in the aquatic environment are an active area of 
research, but some of these compounds and/or their metabolites have been detected in 
fish and marine worms and linked to adverse effects in the organisms studied.9–11 There is 
further concern that the presence of these compounds, in particular antibiotics, at sub-
inhibitory concentrations can promote the spread of antibiotic resistance genes amongst 
bacteria.12 
 The human body metabolizes pharmaceuticals to differing extents after ingestion. 
The unaltered parent compound and metabolites are excreted and find their way into 
wastewater treatment plants. While the chemical properties of pharmaceuticals range 
widely, many contain polar functional moieties attached to a non-polar core and tend to 
be more polar than traditional contaminants.13,14 They can also have acidic or basic 
functional groups.13 Studies have shown that conventional wastewater and drinking water 
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treatment plants do not completely remove many pharmaceuticals.2,15–20 Because 
pharmaceuticals as a class of compounds contain such variety in terms of chemical and 
physical properties, solubility, volatility, polarity, sorption ability, and biodegradability, 
removal efficiencies during treatment are uneven.2,15,17,21 Thus, pharmaceuticals are 
ubiquitous in the aquatic environment, having been detected in surface and ground 
waters. Especially for endocrine-disrupting compounds, adverse ecological effects have 
been linked to pharmaceuticals at trace concentrations (i.e., <1 μg/L).1,13 By and large, 
pharmaceuticals are unregulated environmental pollutants and as such there are very 
limited to nonexistent discharge requirements, and they vary by country.21  
1.2.2 Quaternary ammonium compounds 
Quaternary ammonium compounds (QACs or quats), also known as quaternary 
ammonium salts or quaternary amines or quaternary amine salts, are organic molecules 
that have been and are widely used in a variety of industrial and household consumer 
products for domestic, agricultural, industrial, and clinical applications since the late 
1930s.22–24 An extensive primary use and source of QACs are cationic surfactants in 
industrial and domestic applications.25,26 QACs are commonly used chemicals in 
industrial and consumer applications as disinfectants, sanitizers, lytic biocides, fabric 
softeners, antistatics, phase transfer agents, food preservatives, herbicides, pesticides, 
corrosion inhibitors, clay stabilizers, and as active ingredients in pharmaceuticals, 
cosmetics, shampoos, and conditioners.22,23,27–29  
The general structure of QACs is that they contain a central quaternary nitrogen 
atom that has a permanent positive charge independent of pH. This central nitrogen is 
covalently bonded to four carbon-containing “R”-substituents (R4N+).27 The functional 
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groups tend to be at least one hydrophobic hydrocarbon chain and other alkyl groups that 
tend to be mostly short-chain substituents such as methyl or benzyl groups.22,30 The 
general structure of QACs is shown in Figure 1-124 where R represents the carbon-
containing functional groups (benzyl, methyl, or ester groups and at least one long-
chained alkyl group) and X represents halide counter-ions (such as Cl- and Br-). QACs 
exhibit amphiphilic properties and are soluble in both polar and nonpolar liquids.31,32 
While highly water-soluble they will have a strong tendency to sorb to solids or surfaces 
based on electrostatic interactions and the presence of hydrophobic groups. The overall 
positive charge on QACs means that they have the tendency to readily sorb to 
predominately negatively charged surfaces. While soil, sediment, and sewage sludge 
have a distribution of surface charge, they tend to have a net negative charge and QAC 
sorption has been demonstrated by field studies.23,28,33–36 The akyl chain groups of QACs 
also contribute to this strong tendency to sorb to hydrophobic compounds, indicating they 
are likely to be found associated with sediment and/or organic matter in water 
bodies.23,28,31,37–41  
 
Figure 1-1. General chemical structure of a QAC 
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QACs exhibit greater hydrophobicity with increasing alkyl chain length.25,42,43 Many 
biocides, including QACs, are short-lived or degradable through abiotic and biotic 
processes, but some may transform into more toxic or persistent compounds.27  
There are three major classes of QACs: benzylalkyl dimethyl ammonium 
compounds (BACs), alkyltrimethyl ammonium compounds (ATMACs), and 
dialkyldimethyl ammonium compounds (DADMACs). Typically, DADMACs are 
divided into additional groups based on length of carbon chain. For those with shorter 
length carbon side chains with 8 to 10 carbon atoms, DADMACs are simply known as 
DADMACS. For longer carbon side chains with 12 or more carbon atoms, the 
compounds are known as ditallowdimethyl ammonium compounds (DTDMACs).44 
Incidentally, the three QAC classes most frequently detected in the environment are: 
DADMACs with alkyl chain lengths from C8 to C18, ATMACs with alkyl chain length 
from C12 to C18, and BACs with alkyl chain lengths from C12 to C18.22 Compounds of the 
same class with different hydrocarbon chain length (and different number of carbons) are 
termed homologues of that particular class. BACs are one of the most commonly used 
QACs.  
QACs are typically introduced into aquatic ecosystems through point source 
pollution and the discharge of effluent from wastewater treatment plants.22,28,33,44–47 
QACs are non-volatile thus atmospheric deposition is not an issue with transport of 
QACs.44,48 QACs are ubiquitous pollutants detected in different environmental 
compartments including surface water and aquatic sediments and understanding the fate 
of QACs is important due to their high environmental concentration. Around 75% of 
QACs used annually are released into wastewater treatment systems and BAC is the most 
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frequently found QAC group worldwide in municipal wastewater.43,46,49,50 The average 
concentration of QACs in domestic wastewater, treated effluent, sewage sludge and 
surface water has been reported to be around 0.5 mg/L, 0.05 mg/L, 5000 mg/kg dry 
weight, and 0.04 mg/L, respectively.24,28,51 Additionally QACs are applied as herbicides 
in agricultural practices and can contaminate water bodies via runoff and soil erosion – in 
particular vineyard soils are some of the most prone, erodible agricultural soils.37,47 QACs 
are classified as emerging pollutants because they are continuously released into the 
environment.24,51 After application, QACs retain their biocidal properties, for they are not 
chemically transformed.24 
Because QACs are extensively used in domestic, industrial, and medical 
applications primarily as disinfectants, there has been concern over their detection in non-
target natural and engineered systems.22,24,46,49,52–55 QACs have been implicated in the 
promotion and co-selection of antibiotic resistance in bacteria.24,52,53,56Antibiotic 
resistance of human pathogens and the horizontal transfer of resistance genes in the 
environment are of increasing public and environmental health concern and a global 
public health threat.57,58 Additionally, QACs have been identified as precursors to the 
formation of carcinogenic disinfection byproducts during drinking water and wastewater 
disinfection processes.28,59–61 
1.3 Wastewater treatment  
Conventional biological wastewater treatment processes are energy intensive and 
focused on removal of bulk organics and nutrients (e.g., nitrogen). Conventional 
treatment processes are not designed to remove pharmaceuticals and surfactants; hence 
they are detected in surface waters. During activated sludge treatment, some 
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pharmaceuticals and QACs will be removed fully or partially by sorption to organic-rich 
substrates and biomass and/or biodegradation. Some pharmaceuticals, however, have a 
relatively low sorption affinity and QACs and pharmaceuticals may be resistant to 
biotransformation due to structure, concentration, or treatment conditions.  
QACs in general, and BACs specifically, are also known to be degraded by 
certain microorganisms during aerobic biological treatment in wastewater treatment 
systems.22,23,40,42,43,62–65 That being said, sorption of QACs occurs faster than aerobic 
biodegradation, which means that QACs end up being transferred to anaerobic and 
anoxic compartments like sewage sludge or biosolids.14,22,28,35 BACs have largely been 
considered recalcitrant under anaerobic and anoxic conditions because there has been 
little experimental evidence that QACs containing alkyl and benzyl groups are 
mineralized under anaerobic conditions.25,26,42,66–68 
Pharmaceutical removal can also occur through physically driven processes such 
as sorption or biologically mediated enzymatic reactions. Research has indicated the 
highest amount of pharmaceuticals discharged through secondary effluent includes beta-
blockers and those that pose higher risk include antibiotics and some psychiatric drugs.21  
1.4 Nitrite as a photosensitizer  
The absorption spectra of NO2- is dominated by an intense π → π* band at 205 nm 
(ε = 5500 M-1cm-1) and has a weak n → π* band reported at 360 (ε = 22.5 M-1cm-1), 355, 
or 354 nm.69–71 This means NO2- can absorb UV irradiation in the wavelength output 
range of medium pressure mercury vapor lamps – used in most commercial advanced 
oxidation operations – and solar radiation. Photolysis of NO2- causes fission of O-N 
bonds to generate reactive oxidizing species.72 In aquatic systems at environmentally 
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relevant pH values, studies have shown that nitrite, upon absorption of actinic radiation 
produces hydroxyl radical (OH; quantum yield = 0.024-0.078) and other reactive 
species.27 In some natural waters, photolysis of nitrite (NO2-) is an important source of 
hydroxyl radical.69,71,73–79 The production of reactive intermediates may contribute to the 
photochemical oxidation and transformation of organic contaminants in the 
environment.72,76,80–84 The impact of nitrite on UV disinfection and advanced oxidation 
processes, however, has been minimally investigated.69,85–87  
Photolysis of NO2- at 200 ≤ λ ≤ 400 nm results in the formation of NO, O-, and 
eventually OH (equations 1 – 3).69,72  
 NO2- + hv → [NO2-]* (1) 
 [NO2-]* → NO + O- (2) 
 O- + H2O ⇌ OH + OH- (3) 
O- will be protonated to OH at pH < 11.9 (the pKa of OH). The rate of the 
forward reaction is k3 = 1.7 × 106 M-1 s-1 and the rate of the reverse reaction is k3 = 1.2 × 
1010 M-1 s-1 at pH = 11.69,88 Additional reactions can occur resulting in the formation of 
another reactive nitrogen species NO2•.69,72,89 NO and OH can recombine (equation 4) 
and OH can react with NO2-  (equation 5) at essentially diffusion-controlled rates, 
impacting the steady-state OH concentration.69 
 NO + OH → HNO2 (4) 
 OH + NO2- → NO2 + OH- (5) 
Some research has suggested that NO2- photolysis could lead to reactions with 
organic pollutants and identified reactions with organic pollutants initiated by NO2- 
photolysis involve photonitration or photonitrosation (as well as hydroxylation or 
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hydroxynitration).69,90 There has been research that nitration and nitrosation reactions 
with polycyclic aromatic hydrocarbons can lead to the formation of mutagenic and 
carcinogenic compounds and that N-nitrosodimethylamine can be photochemically 
generated by NO2- photolysis in the presence of dimethylamine.69,90  
1.5 Paradigm shift 
One situation where nitrite photolysis could be used is in the anaerobic 
ammonium oxidation (anammox) process. In efforts to reduce aeration costs for 
wastewater treatment, anaerobic biological nitrogen removal processes are being studied, 
piloted, and implemented at full scale. Anammox is one such method. During anammox, 
the anammox bacteria require nitrite as an electron acceptor to remove ammonia from 
wastewater streams.91 Nitrite is produced from ammonia by aerobic autotrophic 
ammonia-oxidizing bacteria (AOB) in a process referred to as partial nitritation. Partial 
nitritation and anammox (PN/A) can be implemented either as a single-stage, in which 
PN/A occurs in a single reactor, or as two-stages, in which PN and A occur in separate 
reactors. Two-stage PN/A can allow for better suppression of competing nitrite oxidizing 
bacteria, separate process optimization and thus more complete utilization of anammox 
with enhanced AOB activity, simpler controls, and for easier retrofitting of existing 
infrastructure.92–94 Furthermore, implementation of two-stage PN/A provides an 
opportunity in which the nitrite produced during partial nitritation could serve a dual 
purpose, creating a de-facto advanced oxidation process for contaminant removal with 
the installation of a UV step in between.  
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1.6 Natural attenuation and degradation mechanisms   
As CECs like pharmaceuticals and QACs continue to make their way into 
terrestrial and aquatic systems due to incomplete or inefficient removal during 
wastewater treatment and discharge of effluent, uncontrolled and unintentional release, 
and even stormwater runoff, the fate of these compounds depends on a variety of 
environmental factors and processes. Natural attenuation involves physical, chemical, and 
biological transformation or immobilization processes that ideally transform 
contaminants to less toxic forms, retain them to reduce risk of transport and exposure, 
and/or decrease concentrations.95 Photolysis, the light-induced chemical transformation 
of a compound, and biodegradation/biotransformation, the enzymatic breakdown of 
contaminants by bacterial populations, are known natural attenuation mechanisms and 
likely to be important in rivers and other surface waters.  
1.6.1 Aquatic photochemistry: Indirect photolysis 
 Two photochemical processes occur in sunlit aquatic systems: direct photolysis 
and indirect photolysis. Target compounds such as contaminants undergo direct 
photolysis when they absorb photons resulting in bond cleavage. During indirect 
photolysis, a chromophore in the system – not the target compound – absorbs light and 
acts as a sensitizing species (Figure 1-2). All dissolved compounds are potentially subject 
to indirect photolysis even if they also absorb photons and undergo direct photolysis.96  
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Figure 1-2. Schematic of Direct and Indirect Photolysis Reactions in Aquatic Systems 
 
For organic environmental contaminants that exhibit poor absorption of sunlight 
(in the ultraviolet or visible light range) or are otherwise stable to reaction via direct 
photolysis, indirect photolysis processes will be more relevant in natural waters and could 
be an important attenuation mechanism. Indirect photolysis occurs when another 
chemical species, such as nitrate, nitrite, and chromophoric dissolved organic matter 
(CDOM) in natural waters, absorbs light energy, becomes electronically excited, and 
subsequently reacts with a contaminant directly through energy transfer or produces 
“photochemically produced reactive intermediates” (PPRIs) that are energetically capable 
of transforming target contaminants.84,96 These constituents are sometimes referred to as 
photosensitizers.  
Dissolved organic matter, a complex and heterogeneous mixture of organic 
molecules, is the principal light-absorbing substrate in natural waters.96,97 CDOM acts as 
a photosensitizer, generating transient PPRIs upon absorption of light and subsequent 
electronic excitation.84,98 The reaction mechanisms can differ based on the origin or type 
of DOM. Chromophores are light absorbing functional groups. In natural organic matter, 
major chromophores are conjugated π-electron bond structures, e.g., double bonds, 
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benzyl rings, carbonyl, carboxylate, nitro, and phenolate groups.97 The chromophores in 
CDOM induce indirect photochemical transformation of organic pollutants after light 
absorption at wavelengths of 290 to 600 nm.97 These PPRIs, including reactive oxygen 
species (ROS) – species in which oxygen atoms are important – like hydroxyl radical 
(•OH), singlet oxygen (1O2), peroxy radicals (ROO•), and superoxide anions (O2-•), 
carbonate radical (CO3•-), and non-ROS excited triplet states (3DOM*) and hydrated 
electrons, react with and transform contaminants in natural systems thus enhancing 
degradation and increasing phototransformation rates.84,97,99–101 Other PPRIs that might 
be important reactive species in the transformation of organic pollutants are: hydrogen 
peroxide (H2O2), ozone (O3), sulfate radical (SO4•-), and nitrite radical, which is a 
nitrating agent that can yield nitroaromatic compounds.97  
PPRIs tend to be present in the environment at low concentrations because of 
their high reactivity – they are scavenged, removed by physical processes like energy 
transfer, or eliminated by chemical processes.97 The concentrations of PPRIs vary 
anywhere from 10-18 to 10-9 mol/L in natural waters. While PPRIs are present at 
substantially lower concentrations compared to other major chemical species, they are 
still important in the processing of dissolved species.102 Compared to molecular oxygen 
(3O2), transient PPRIs are strong oxidants. Association with DOM then has a synergistic 
effect. DOM may also decrease indirect photolysis rates, however, by scavenging or 
quenching PPRIs or shielding contaminants.103 While PPRIs are strong photooxidants 
and can have high second-order rate constants for reactions with various organic 
contaminants, the overall transformation rates however might be slow or not as 
significant due to relatively low steady-state concentrations.  
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 Though photoexcited DOM is the main sensitizing species in natural systems, 
additional light-absorbing species can generate PPRIs. For example, nitrite and nitrate are 
also key photosensitizers in freshwaters. Nitrite and nitrate absorb actinic radiation 
including ultraviolet (UV) light and produce •OH as the main transient species at 
environmentally relevant pH values, which can promote the degradation of contaminants 
in natural and engineered systems.69,72,73,75,78,85,104–106 Nitrate has an absorption maximum 
at 305 nm in the UVB region. The maximum solar photon flux absorbed by nitrate is 
around 320 nm, decreasing to negligible greater than 340 nm, because the absorbance of 
nitrate decreases as the irradiance of sunlight increases at wavelengths > 305 nm.107 
Nitrite has a maximum absorbance reported around 355 nm in the UVA region and its 
absorption spectrum extends into the visible region.  
Hydrogen peroxide (H2O2), which is commonly found in lakes, rivers, and the 
sea, can produce hydroxyl radical by direct photolysis.108 The process is comparatively 
slow because H2O2 weakly absorbs solar radiation. In the photic zone, photolysis of ferric 
iron (Fe(III))-ligand complexes forms ferrous iron (Fe(II)aq), which is thermodynamically 
unstable in the presence of dissolved oxygen. Subsequent oxidation of Fe(II)aq by O2 
produces superoxide anion radical. Hydroperoxyl radical (pKa 4.8) is the conjugate acid 
of superoxide anion radical and can disproportionate or react with additional Fe(II)aq to 
generate H2O2. In turn, H2O2 can react with reduced transition metals, like Fe(II), to 
generate hydroxyl radical. This is known as the photo-Fenton reaction.108,109  
PPRI reactivity and the specificity of the reaction vary depending on the PPRI 
itself and the chemical functional groups with which it reacts. Reaction rates of 
compounds are a function of the steady-state concentration of the PPRI in the system and 
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the second-order or bimolecular reaction rate constant. Free •OH is a non-selective, 
highly electrophilic reactive radical that reacts at diffusion-controlled rates to rapidly 
oxidize many organic contaminants, in particular those considered 
recalcitrant.69,72,75,101,106,107 Hydroxyl radical is a non-specific oxidant that reacts by 
hydrogen bond abstraction from sp3 hybridized C-H bonds or addition to C-C double 
bonds.96 The photochemical formation of •OH by CDOM is not well understood. It has 
been proposed that irradiated CDOM produces O2-•, which disproportionates into H2O2 
and O2, and the photoproduced H2O2 then yields •OH either by direct photolysis or via 
the Fenton reaction with aqueous Fe(II).107 The aforementioned mechanism is attributed 
to about half of •OH photoproduction from CDOM while it is postulated that the 
photolysis of hydroxylated aromatic compounds as well as other processes account for 
the other half of •OH production.107 Steady-state concentrations of hydroxyl radical in 
sunlit surface waters can range from 10-18 to 10-15 mol/L.73,96  
Hydroxyl radical are consumed by chemical reactions with inorganic water 
constituents like HCO3- and CO32-. In this case, the reaction may generate carbonate 
radical (CO3•), which is less reactive than •OH but has a longer lifetime thus making it 
potentially important for transformation of pollutants.97 Carbonate radical concentrations 
are estimated to be two orders of magnitude greater than steady-state •OH radical 
concentrations in sunlit waters.97 Electron-rich compounds that are more easily oxidized, 
including anilines, phenols, and compounds with reduced sulfur, may react more readily 
with carbonate radical despite a slower reaction rate compared to that with •OH.97  
Singlet oxygen, the first electronic excited state of ground state molecular oxygen, 
is present in sunlit surface waters at higher steady-state concentrations than hydroxyl 
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radical (10-15 to 10-12 mol/L) at the surface.96,110 The formation of 1O2 involves a 
sensitization process (Figure 1-3)110. First, energy is transferred to molecular oxygen (O2) 
from the triplet-excited state of a photosensitizer (3sens) like triplet CDOM. After energy 
transfer from 3sens, ground state molecular oxygen, which is a triplet (it has two unpaired 
electrons in its valence shell), is then converted to 1O2 or 1Δg, which has 22.5 kcal mol-1 
higher energy than the spin-unpaired ground state. While a more energetic singlet oxygen 
state (1Σg) can be formed, it rapidly decays to 1Δg.110 The wavelength range for 
production of 1O2 from CDOM is 290 to about 600 nm.97  
 
Figure 1-3. Physical Properties of Singlet Oxygen110  
 
That being said, steady-state concentrations are relatively low due to the low 
quantum yield of 1O2 production, rapid physical quenching by water, and some quenching 
by DOM moeties.97,110 Singlet oxygen is a more selective oxidant than hydroxyl radical; 
it is an electrophile that reacts exclusively with specific electron-rich functional groups 
such as olefins/alkenes and aromatic compounds, phenolates, anilines, electron-rich 
phenols, furans, other electron-rich heterocycles, and sulfides.96,110,111 For compounds 
containing these functional groups, reaction with singlet oxygen will be a dominant loss 
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mechanism given the higher steady-state concentration of singlet oxygen in natural 
waters. 
Triplet CDOM is formed when CDOM is excited by light absorption to a short-
lived singlet state CDOM (1CDOM*), which is quickly converted to the energetically 
lower and more stable triplet state (3CDOM*) via intersystem crossing.97,103 Research 
using model triplet sensitizers, such as 4-carboxybenzophenone, has suggested that 
aromatic ketones are important precursors for 3CDOM*.112 The triplet state of CDOM can 
thusly undergo: 1) direct reaction and transformation of organic pollutants via electron or 
energy transfer, and 2) generation of PPRIs like H2O2, •OH, 1O2, O2-•, and peroxy radical 
(ROO•).97,103 Reaction pathway 2 hinges on the fact that 3CDOM* is deactivated by 
energy transfer to molecular oxygen.103,112  
1.6.2 Biodegradation in surface waters   
Biodegradation and biotransformation in ecosystems occur when enzymes 
produced by native bacterial populations break down contaminants. Biodegradation can 
be considered distinct from biotransformation.113 During biodegradation, bacteria use 
contaminants as food and an energy source for their growth. During biotransformation, 
breakdown of contaminants is co-metabolic as opposed to the contaminants serving as a 
substrate and bacteria produce metabolites without getting energy.95 Microbial 
breakdown of contaminants depends on supportive conditions. Microbial habitats, 
catabolic potentials, and oxygenated zones will vary in surface waters. Microcosm or 
river die-away tests can be used to quantify transformation in surface waters.  
The fate of pharmaceuticals in surface waters depends on physicochemical 
properties like solubility, hydrophobicity, and vapor pressure as well as environmental 
 17 
and climate conditions (e.g., pH, temperature), and the presence of microbes that can 
degrade these compounds. Biodegradation by metabolic pathways means that 
microorganisms use the compound as a source of energy, carbon, nitrogen, or other 
nutrient.113 Co-metabolism, in contrast, is the incidental breakdown of a compound of 
interest by an enzyme or cofactor produced during microbial metabolism of a different 
compound.113 Degradation is also affected by concentration. High concentrations of 
certain pharmaceuticals can inhibit microbial activity. Though degradation rates can also 
be slowed due to low microbial biomass and thus low numbers of degrading 
microorganisms in comparison to higher substrate concentrations.114 In the case of very 
low contaminant concentrations, co-metabolic processes might assist in degradation of 
contaminants as a result of bacterial consumption of other easily utilized carbon or 
nutrient sources.    
Most research on the environmental fate and natural attenuation of QACs in the 
aquatic environment has focused on aerobic biodegradation of aqueous phase, 
bioavailable QACs. Further research has suggested that biodegradation of QACs under 
anaerobic or anoxic conditions is limited.22,25 Besides aerobic biodegradation, sorption is 
the main dissipation pathway of QACs that has been studied extensively in literature. 
While biodegradation has been identified as a potential sink for QACs, sorption could 
reduce QAC availability to microorganisms that might degrade them.  
Biotransformation of QACs has been known for decades.65 While many studies 
have shown that QACs can be aerobically biodegraded, in particular in aerobic activated 
sludge treatment systems, the process is dependent on QAC concentration, structure, and 
types of microorganisms present.22,30,42,50–52,62,115–118 If the concentration of QACs is too 
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high, the presence of QACs proves inhibitory to microbial activity and even detrimental 
to the microorganisms.53,64,117,119 If the concentration of QACs is too low, the QAC may 
no longer serves as an attractive carbon source for the microorganisms.  
1.7 Outline of Thesis 
Chapter 2 presents the pros and cons of leveraging the presence of high 
concentrations of nitrite due to partial nitritation coupled with UV treatment in a de facto 
advanced oxidation process to remove pharmaceuticals from wastewater. Chapter 3 
examines the photodegradation of QACs in sunlit surface waters and the influence of 
PPRIs generated from DOM. Chapter 4 evaluates the biotransformation of QACs in 
surface water and characterizes the microbial community and presence of antibiotic 
resistance genes. Chapter 5 summarizes the findings of the dissertation and provides 
concluding remarks and recommendations on areas for future research. 
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Chapter 2. Photodegradation of pharmaceutical compounds in partially nitritated 
wastewater during UV irradiation 
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compounds in partially nitritated wastewater during UV irradiation, Environ. Sci. Water 








The first step of an anaerobic ammonia oxidation (anammox) system is typically 
the formation of nitrite (NO2-) via partial nitritation, which can generate hydroxyl radical 
(OH) when irradiated with ultraviolet (UV) light. This study demonstrated that the 
presence of nitrite in buffer and wastewater matrices during medium-pressure UV 
irradiation (at λ ≥ 220 or ≥ 280 nm) enhanced the degradation of select pharmaceutical 
compounds of different therapeutic classes (atenolol, carbamazepine, fluoxetine, and 
trimethoprim). Total pharmaceutical removals in a wastewater matrix irradiated at λ ≥ 
280 for 120 minutes were 47% for trimethoprim, 50% for carbamazepine, 60% for 
atenolol, and 57% for fluoxetine at fluences of 58.6 mEi m-2 (2033.1 mJ cm-2). When 
irradiated at λ ≥ 220 for 60 minutes, removals were 52% for trimethoprim, 56% for 
carbamazepine, 69% for atenolol, and 90% for fluoxetine at fluences of 634.7 mEi m-2 
(23969.2 mJ cm-2). Reaction with OH accounted for ~78 – 90% of pharmaceutical 
removal at λ ≥ 280 nm. Although direct photolysis did contribute to target compound 
removal for irradiation with λ ≥ 220 nm, much of the light was absorbed in the buffer and 
wastewater matrices, and reaction with OH accounted for ~70 – 93% of pharmaceutical 
removal. Quencher experiments with isopropanol confirmed the importance of reaction 
with OH as the main contributor to pharmaceutical removal. para-Chlorobenzoic acid 
was used as a probe to estimate steady-state OH concentrations, which averaged 
8.58×10-15 M for both matrices at λ ≥ 280 nm and 3.50×10-14 M for both matrices at λ ≥ 
220 nm. Nitrosamines were formed and accumulated during the UV treatment step, 
however, concomitant with their direct photochemical destruction. Presence of the 
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pharmaceutical micro-pollutants studied, such as the secondary-amine containing 
atenolol and fluoxetine, did not elevate nitrosamine formation.  
2.2 Introduction  
Contaminants of emerging concern (CECs) are common household and 
industrial chemicals that have been detected in wastewater treatment plant effluent and 
effluent-impacted water bodies.15,17 In wastewater treatment, biological processes such 
as conventional activated sludge are commonly used, but were not specifically designed 
for the removal of CECs.2,17 Pharmaceuticals and personal care products are amongst 
the myriad of potentially recalcitrant, unregulated CECs that are detected in effluent and 
the environment.13,15 Of the pharmaceuticals detected in wastewater effluent and surface 
water, beta-blockers, antidepressants, antibiotics, and the antiepileptic carbamazepine 
are some of the most studied because they are highly prescribed, ubiquitous in 
wastewater influent, and exhibit variable susceptibility to biological removal, with 
carbamazepine considered particularly recalcitrant.2,15,17,120 As a result, these 
compounds have been frequently detected in wastewater effluent at nanogram to 
microgram per liter concentrations.1,2,15,17 Several pharmaceuticals, including 
carbamazepine and trimethoprim, have also shown a degree of persistence in the 
environment, with photolysis being identified over biodegradation and hydrolysis as an 
important loss mechanism in sunlight-exposed surface water.4,76,121–123 Consequently, 
the use of photolysis for treatment of CECs has generated interest.83,85,86,124–127  
Because conventional wastewater treatment processes are energy intensive, a 
shift is occurring towards energy neutral treatment and re-envisioning wastewater as a 
renewable resource with the potential for energy recovery.128 One way in which this re-
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envisioning is taking place is through the replacement of energy-intensive conventional 
biological nitrogen removal (BNR) (nitrification-denitrification) with partial-
nitritation/anammox (PN/A), in which ammonia is first partially biologically oxidized 
to nitrite, followed by a second anaerobic biological ammonia oxidation step to nitrogen 
gas, in which ammonium serves as the electron donor and nitrite is the electron 
acceptor.91,93,129,130 The use of PN/A leads to an estimated 25% to 60% reduction in 
aeration requirements, with resulting reductions in energy use.92,93,128,130 There is 
evidence for biological removal of CECs during PN/A treatment,6,8,131 but an 
opportunity might exist to combine PN/A with chemical treatment to provide more 
complete CEC removal.  
In aqueous systems at environmentally relevant pH values, nitrite is known to 
absorb UV light in the 200 to 400 nm range and produce hydroxyl radical (OH; 
quantum yield 0.024-0.078, compared to 0.007 – 0.014 for nitrate98), a non-selective 
and highly reactive species that oxidizes organic contaminants.69,72,75,106 Many trace 
organic contaminants have been effectively removed by advanced oxidation processes 
(AOPs) that generate OH.86,127,132,133 For example, carbamazepine, atenolol, fluoxetine, 
and trimethoprim are all known to be degraded via reaction with OH.81,83,86,121,123,127 In 
systems containing nitrite, such as a system in which partial nitritation has taken place, 
a UV disinfection step could be leveraged to generate a de facto AOP using constituents 
in the wastewater85 prior to the second anammox step, especially because nitrite is a 
more efficient producer of hydroxyl radical compared to nitrate.  
While production of reactive radical species, such as hydroxyl radical, from 
nitrite and nitrate photolysis has been extensively studied in sunlit natural waters,69,73–79 
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much of the work investigating the relevance of this phenomenon to contaminant 
degradation with regard to water and wastewater treatment processes has focused on the 
impact of nitrate during UV or sunlight photolysis.83,85,104,105,126,134 Many of the 
referenced studies looking at contaminant degradation in effluent have focused on 
nitrified wastewater. Rosario-Ortiz et al.86 briefly touch on the influence of nitrite in 
their study of pharmaceutical oxidation in wastewater (by UV/H2O2), but only in terms 
of its hydroxyl radical scavenging capacity. Bahnmüller et al.87 attribute a percentage of 
antibiotic transformation in effluents to hydroxyl radical generated by the photolysis of 
nitrite. Their experiments, however, were conducted using a solar simulator or a 
medium pressure mercury lamp transmitting λ > 320 nm. In their study on medium 
pressure UV disinfection of nitrified effluents, Keen et al.85 determined both the 
quantum yield for OH formation from nitrite at λ < 240 nm and the steady-state 
hydroxyl radical concentrations produced because there is a synergistic effect wherein 
nitrate photolysis can generate nitrite, which photolyzes to produce additional OH. It 
should also be noted that the NO2- concentrations in the aforementioned studies were 
below 1 mg/L-N. The study presented herein is the first to investigate the steady-state 
concentration of hydroxyl radical produced by nitrite and subsequent degradation of 
several organic contaminants in nitritated wastewater, that is water with appreciable 
levels of nitrite (e.g., around 20 mg/L-N), when irradiated by a medium pressure 
mercury vapor lamp at shorter wavelength ranges. The results of this study are all the 
more important because it was previously concluded that UV photolysis of NO2- would 
not be a viable advanced oxidation technology.69 
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Nevertheless, one concern with this strategy is formation of nitrosamines from 
nitrite or pharmaceutical compounds containing secondary amines.90,135–138 
Photonitrosation of natural organic matter can occur after medium pressure UV 
irradiation of nitrite.139 One nitrosamine, N-nitrosodimethylamine (NDMA), reportedly 
forms photochemically in the presence of nitrite via nitrosation, though NDMA is also 
subsequently and rapidly degraded photochemically.69,90,135,140–142 It has also been 
hypothesized that amine-containing pharmaceuticals can serve as important sources of 
NDMA precursors in domestic sewage.135,137,140 There has been no work, however, 
identifying and attributing the relative importance of specific constituents for 
nitrosamine formation during UV treatment of wastewater effluent.  
In this study, the prospect of implementing UV irradiation in between partial 
nitritation and anammox processes as a potential means for enhancing removal of 
pharmaceuticals was evaluated. The compounds selected for study, carbamazepine, 
trimethoprim, fluoxetine, and atenolol, are regularly prescribed and have been routinely 
detected in wastewater effluents, receiving water bodies, and drinking water 
supplies16,18,19 and are neither readily biodegraded nor destroyed rapidly by solar direct 
photolysis. It was hypothesized that the nitrite in solution would efficiently generate 
OH and lead to transformation of contaminants via indirect photolysis. The possibility 
of photochemical nitrosamine formation from both nitrite and the pharmaceuticals 
themselves was assessed, and a kinetic model was developed that factored in both 
formation and destruction of NDMA by UV to evaluate nitrosamine concentration 
under different worst-case scenarios.  
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2.3 Materials and Methods  
2.3.1 Chemicals and reagents  
All pharmaceutical compounds used in this study were reagent or analytical grade 
(≥ 98% pure) and used as received: carbamazepine (Acros Organics), trimethoprim 
(Acros Organics), fluoxetine hydrochloride (TCI America), and atenolol (Sigma-
Aldrich). Structures are shown in Table A-1. Aqueous stocks and solutions were prepared 
using ultrapure water (resistivity 18.2 MΩ-cm, Millipore Corp). para-Chlorobenzoic acid 
(pCBA; Acros Organics) was used as a hydroxyl radical probe.143 Sodium nitrite (>95%, 
Fisher) and ammonium sulfate (≥99%, Sigma-Aldrich) salts were added to adjust the 
concentrations of desired nitrogen species in experimental solutions. Atrazine (99.8%, 
Fluka) was used as an actinometer.144 High pressure liquid chromatography (HPLC) 
grade isopropanol (IPA; 99.9%, Fisher) was used as a radical quencher. HPLC grade 
acetonitrile (99.9%, Fisher) was used in HPLC eluents. 
2.3.2 Reactor effluent collection and processing  
Wastewater effluent was collected from a 5-L bench-scale biological sequencing 
batch reactor operated under conditions favorable to anammox, fed a synthetic nitrite- 
and ammonium-rich influent, and seeded with sludge from a full-scale DEMON system 
(York River wastewater treatment plant, Seaside, VA).131 The effluent was collected in a 
clean plastic container over one complete pump-out cycle from the reactor and was stored 
overnight in the dark at 4 °C until further processing and analysis the following day. The 
effluent was transferred to four 250-mL sterile Corning centrifuge tubes and centrifuged 
at 5,000 rpm for 35 minutes at 2 °C. The supernatant was then vacuum filtered; first, 
through 0.7-μm pre-combusted glass fiber filters to remove larger solids and particulate 
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matter and then through a 0.2-μm Omnipore membrane filter (Millipore). The filtered 
effluent was subsequently analyzed for anions, ammonium, dissolved organic carbon 
(DOC), dissolved inorganic carbon (DIC), and pH, then stored at 4 °C in the dark until 
use. The reactor effluent water quality measurements are provided in Table A-2. 
2.3.3 Experimental set-up  
 Photolysis Experiments. Photolysis experiments with individual compounds 
were performed in duplicate in ultrapure water and two nitrogen-containing matrices: (1) 
a carbon-free synthetic wastewater matrix containing sodium nitrite and ammonium 
sulfate at approximately 20 mg-N/L each (referred to as “synthetic nitrogen-containing 
matrix”) and (2) the wastewater matrix to which additional sodium nitrite and ammonium 
sulfate were added to reach approximately 20 mg-N/L of each nitrogen species (referred 
to as “nitrogen-containing wastewater matrix”). These ammonium and nitrite 
concentration levels were selected as a reasonable amount to expect from an actual 
partial-nitritation preparatory step based on a range of ammonium values found in 
effluent from studies on anaerobic treatment of domestic wastewater (9 – 67 mg of N/L)92 
and typical partial nitritation stoichiometry.94,129,145 The ultrapure water and “synthetic 
nitrogen-containing matrix” solutions were buffered (5 mM phosphate buffer, pH 7.5) to 
match the pH of the wastewater reactor effluent (reported in Table A-2).  
The extent of pharmaceutical degradation in these systems was assessed by 
tracking loss of the parent compound under two UV irradiation conditions. 
Pharmaceuticals were amended from concentrated aqueous stock solutions (prepared in 
unbuffered ultrapure water) to achieve a concentration of approximately 1 μM. The initial 
pharmaceutical concentration was selected to be high enough to ensure adequate 
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detection and quantification during the course of the experiment and low enough so as 
not to contribute significantly to background radical scavenging or light screening.  
Test solutions were irradiated in capped quartz test tubes (V=10 mL, i.d.= 1.1 cm, 
o.d.= 1.3 cm)126,146 with a 450-W medium-pressure mercury vapor lamp (Ace Glass Inc., 
Vineland NJ) emitting polychromatic light. The lamp was situated in a quartz immersion 
well with tap water circulation. Samples were placed in a merry-go-round equipped with 
a fan for temperature control, which rotated around the lamp. The lamp was warmed up 
for at least 10 minutes prior to sample irradiation to ensure full, steady power output. 
Steady output was confirmed on two occasions using a broadband PMA2100 radiometer 
with PMA2110-WP (UVA) and PMA2106-WP (UVB) detectors. Either a quartz (λ ≥ 220 
nm) or Pyrex (λ ≥ 280 nm) cutoff filter sleeve was used for experiments. Control 
experiments to account for direct photolysis consisted of spiking the pharmaceutical 
compounds into buffered ultrapure water without nitrite or ammonium. Control 
experiments to account for non-photochemical losses were also performed in which the 
test tubes were wrapped in aluminum foil. Sub-samples from all test tubes were 
withdrawn at regular time intervals using pre-combusted glass Pasteur pipettes and the 
concentration of the pharmaceuticals was measured.  
Pseudo first-order reaction rate constants were derived from the slopes determined 
by linear regression of natural log concentration versus time plots of the data. The 95% 
confidence intervals for each rate constant were calculated by multiplying the standard 
error of the slope from Excel’s LINEST function by the results of the two-tailed inverse 
of the Student’s t-distribution (T.INV.2T function in Excel).  
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To test for nitrosamine formation, six 50-mL aliquots of the nitrogen-containing 
wastewater effluent with a molar concentration of approximately 9.92 × 10-4 M nitrite 
were apportioned out for total N-nitrosamine (TONO) formation experiments. Half of the 
aliquots were spiked with a cocktail of pharmaceuticals (1 μM of each). Duplicate 
samples were irradiated in borosilicate test tubes with the 280 nm cutoff in place or in 
quartz test tubes with the 220 nm cutoff. A dark control wrapped in aluminum foil was 
also irradiated for each condition. Samples were exposed for 2 hours with the aim of 
achieving pharmaceutical degradation to at least two half-lives. Samples were stored at 4 
°C in glass bottles prior to being shipped on ice to Syracuse University. 
Lamp fluence measurement. Chemical actinometry was used to characterize the 
UV dose or fluence of the lamp. The incident photon fluence rate value or incident 
photon irradiance, 𝐸𝐸𝑝𝑝0, in the wavelength intervals from 220 nm or 280 nm to 405 nm 
(because nitrite absorbs deep UV (λ<240 nm) as well as wavelengths up to 400 nm85) 
was determined at low optical density using 9 μM aqueous atrazine, buffered at pH 7.0 in 
10 mM phosphate buffer, as an actinometer144,147,148. Identical geometry and similar 
solution volumes were used as in the photolysis experiments. Per Canonica et al.,144 using 
the spectral energy distribution of radiated mercury lines provided by the lamp 
manufacturer, and assuming negligible light absorbance or attenuation over the depth of 
the solution, the fluence was calculated according to: 
 𝐸𝐸𝑝𝑝0(𝜆𝜆1−405 𝑛𝑛𝑛𝑛) =
𝑘𝑘𝑝𝑝,𝑎𝑎𝑎𝑎𝑎𝑎
2.303𝜙𝜙𝑎𝑎𝑎𝑎𝑎𝑎 ∑ �𝑓𝑓𝑝𝑝,𝜆𝜆𝜀𝜀𝑎𝑎𝑎𝑎𝑎𝑎,𝜆𝜆�405 𝑛𝑛𝑛𝑛𝜆𝜆1
 (6) 
where 𝜆𝜆1 = 220 𝑜𝑜𝑜𝑜 280 𝑛𝑛𝑛𝑛,  𝑘𝑘𝑝𝑝,𝑎𝑎𝑎𝑎𝑎𝑎 is the pseudo first-order rate of atrazine degradation, 
𝜙𝜙𝑎𝑎𝑎𝑎𝑎𝑎 is the quantum yield of atrazine degradation (0.046 𝑛𝑛𝑜𝑜𝑚𝑚 𝐸𝐸𝐸𝐸−1) assuming 
wavelength independence, 𝑓𝑓𝑝𝑝,𝜆𝜆 is the photon flux-based emission spectrum of the lamp 
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normalized over the wavelength interval, and 𝜀𝜀𝑎𝑎𝑎𝑎𝑎𝑎,𝜆𝜆 is the molar absorption coefficient of 
atrazine. Because the experiment was performed in buffered Milli-Q water, and the solute 
concentration was relatively low, it was assumed that negligible light absorption (i.e., α×z 
< 0.02, where α is the light attenuation coefficient and z is solution depth) occurred, 
allowing the use of the near-surface approximation. The incident photon fluence rate 
values (𝐸𝐸𝑝𝑝0) were determined to be 176.3 𝜇𝜇𝐸𝐸𝐸𝐸 𝑛𝑛−2𝑠𝑠−1 (6.7 𝑛𝑛𝑚𝑚 𝑐𝑐𝑛𝑛−2𝑠𝑠−1) and 
8.1 𝜇𝜇𝐸𝐸𝐸𝐸 𝑛𝑛−2𝑠𝑠−1 (0.3 𝑛𝑛𝑚𝑚 𝑐𝑐𝑛𝑛−2𝑠𝑠−1) for 220 – 405 nm and 280 – 405 nm, respectively.  
UV fluence values reported below are calculated by using the appropriate Ep0 value 
multiplied by the exposure time.  
Quantification of hydroxyl radical concentrations. The steady-state hydroxyl 
radical concentration ([OH]ss) was calculated from the disappearance of 5 μM of the 
radical-specific molecular probe compound pCBA in the nitrogen-containing matrices 
irradiated under the same conditions as the pharmaceuticals. It is also possible that 
reactive nitrogen species such as NH2•, NO•, and NO2• could form in these systems.69,72,89 
Evidence suggests, however, that these species are less potent oxidants than hydroxyl 
radical. Reactivity between pCBA or benzoate ion has not been reported for NO2• or NO•. 
NH2• does not appear to react quickly with benzoate ion (k <1x105 M-1 s-1 at pH 11.2).149 
A direct photolysis control of the probe compound in buffered ultrapure water 
was also performed. If pCBA concentration is sufficiently low so as not to affect [OH]ss, 




= −𝑘𝑘′𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝[𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝] (7) 
 𝑘𝑘′𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 = 𝑘𝑘∙𝑂𝑂𝑂𝑂,𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝[∙ 𝑂𝑂𝑂𝑂]𝑠𝑠𝑠𝑠 (8) 
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Rate constants (𝑘𝑘′) were determined as described above. The second-order 
scavenging rate constant for reaction of pCBA with OH is kOH,pCBA = 5 × 109 M-1s-1.88 
Thus, [OH]ss = 𝑘𝑘′𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝/kOH,pCBA. For λ ≥ 280 nm, direct photolysis rates were subtracted 
to ascertain the indirect contribution. The overall pseudo first-order photolysis rate 
constant for compound loss in the nitrogen-containing matrices is 𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛′  
and the indirect photolysis pseudo first-order rate constant is 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎,280′ =
𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛′ − 𝑘𝑘𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′ , where 𝑘𝑘𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′ is the direct photolysis pseudo first-order 
rate constant of the compound in buffer.  
To assess and account for any direct photochemical losses of pCBA in the nitrite-
containing matrices for λ ≥ 220 nm, 1% IPA, a OH quencher,83,126,146  was added to 
determine the role of indirect versus direct photolysis of the probe. If IPA dramatically 
suppresses the reaction, it would indicate that direct photolysis reactions are limited due 
to light screening by the nitrite or other matrix components, and loss of pCBA in the 
unquenched samples was due to interaction with OH. Thus, the decrease in the pseudo 
first-order rate constant resulting from the quenching of OH in the nitrogen-containing 
synthetic and wastewater matrices would be equivalent to the contribution of OH to 
overall photolysis of the probe (i.e., 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎,220′ = 𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛′ −
𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛,𝐼𝐼𝐼𝐼𝑝𝑝′ ) as distinct from direct photolysis, allowing for an upper bound 
estimate of steady-state hydroxyl radical concentration. Equation 9 shows the calculation 
for steady-state hydroxyl radical concentration for λ ≥ 220 nm.  
 [∙ 𝑂𝑂𝑂𝑂]𝑠𝑠𝑠𝑠,220 = 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎,220′ 𝑘𝑘∙𝑂𝑂𝑂𝑂,𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝⁄  (9) 
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Experimental bimolecular rate constants for reaction of each pharmaceutical with 
OH could be determined using the calculated steady-state OH concentrations and the 






Indirect photolysis contribution to pharmaceutical loss. The indirect 
photolysis contribution in the two nitrogen-containing matrices was estimated using 
equation 11 and the respective 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′  values for each pharmaceutical at λ ≥ 220 nm and 
280 nm.  
 % 𝐸𝐸𝑛𝑛𝑖𝑖𝐸𝐸𝑜𝑜𝑖𝑖𝑐𝑐𝑖𝑖 = 𝑘𝑘𝑖𝑖𝑛𝑛𝑖𝑖𝑖𝑖𝑎𝑎𝑖𝑖𝑖𝑖𝑎𝑎
′
𝑘𝑘𝑛𝑛𝑖𝑖𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑖𝑖𝑛𝑛−𝑖𝑖𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑖𝑖𝑛𝑛𝑖𝑖𝑛𝑛𝑛𝑛
′ × 100 (11) 
2.3.4 Analytical methods 
Water quality parameters. Anions (nitrate and nitrite) were measured by ion 
chromatography using a Metrohm Compact ion chromatograph. Combined nitrite and 
nitrate standards made with sodium salts were also run to generate calibration curves.  
Ammonium (measured as ammonia) was measured colorimetrically using a Hach Test ‘N 
TubeTM kit (AmVerTM High Range Ammonia Reagent Set 2606945, Method 10031, 
Hach Corporation) and a Hach DR 900 colorimeter. Dissolved organic carbon (DOC), as 
non-purgeable organic carbon, and dissolved inorganic carbon (DIC) were measured with 
a Shimadzu TOC-L total organic carbon analyzer. Calibration curves were generated 
using potassium hydrogen phthalate for DOC and anhydrous sodium carbonate and 
sodium bicarbonate for DIC. Reactor effluent pH was measured using a calibrated 
Thermo Orion pH probe and Thermo Orion DUAL STAR pH/ISE meter (pH 4, 7, and 10 
standard solutions from BDH VWR Analytical). 
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Absorption spectra. Light absorbance of the matrices and buffered aqueous 
pharmaceutical, pCBA, and actinometer solutions at the same concentration used in 
experiments (1-9 μM) were measured with a Shimadzu UV-1601PC spectrophotometer 
using 1 cm quartz cuvettes (Figure A-1). 
Measurement of pharmaceutical compounds, pCBA, and atrazine. Sub-
samples were dispensed into 200 μL HPLC vial inserts. Losses of the pharmaceutical 
compounds, atrazine, and pCBA were measured using an Agilent 1100 HPLC equipped 
with a UV absorbance detector. Isocratic HPLC methods are summarized in the 
Electronic Supplementary Information (Table A-3).  
Nitrosamine quantification. TONO analysis followed protocols described 
previously.137,150,151 Details are provided in the ESI. 
2.4 Results and Discussion 
2.4.1 Reactions driven by OH in nitrogen-containing wastewater matrices at λ ≥ 280 
nm 
pCBA degradation was used to determine the steady state concentration of OH 
produced from the photolysis of the nitrogen-containing matrices at λ ≥ 280 nm. pCBA 
degradation was pseudo first-order for λ ≥ 280 conditions (Figure 2-1A), demonstrating 
that OH formed in the nitrogen-containing matrices at fluences up to 73.2 mEi m-2. The 
kinetics in both the nitrogen-containing synthetic matrix and wastewater were very 
similar (Table A-4), suggesting that nitrite was responsible for OH production. The 
calculated steady-state OH concentrations are reported in Table 2-1, and were similar to 
those measured by Keen et al.,85 despite significantly higher nitrite concentrations in our 
system (20 mg/L as N compared to ~0.6 mg/L as N resulting in an [OH]ss ≈ 3.25×10-14 
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M85). Carbonate species, DOC, and ammonium in the wastewater likely consumed a 
portion of the OH produced.73,85,88 It is likely that nitrite not only produced, but also 
scavenged the OH (k = 1.1 x 1010 M-1s-1).74,85  
Table 2-1. Steady-state Hydroxyl Radical Concentrationsa 
Nitrogen-containing Matrix [OH]ss, 280 (M) [OH]ss, 220 (M) 
Synthetic 8.48±0.27 ×10-15 3.76±0.85 ×10-14 
Wastewater 8.69±0.30 ×10-15 3.24±0.84 ×10-14 
aErrors are 95% confidence intervals 
 
Pharmaceutical compounds were photolyzed at λ ≥280, under conditions where 
direct photolysis was limited and indirect processes dominated (Figure 2-1). The 
degradation of the pharmaceuticals was enhanced in the two nitrogen-containing matrices 
relative to the buffer control (Figure 2-1; pseudo first order rate constants in Table A-4). 
The indirect photolysis contribution in the two nitrogen-containing matrices was 
estimated (Equation 11); it was determined that indirect photolysis was responsible for 
approximately 76% (synthetic) to 80% (wastewater) of the fluoxetine loss; 90% of the 
carbamazepine loss (both matrices); 84% (wastewater) to 85% (synthetic) of the 
trimethoprim loss; and 87% (synthetic) to 91% (wastewater) of the atenolol loss. 
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Figure 2-1. para-Chlorobenzoic acid (pCBA) and pharmaceutical compound 
photodegradation at λ ≥ 280 nm as a function of time and corresponding UV fluence in 
buffer (black, ), synthetic nitrogen-containing matrix (red, ), synthetic nitrogen-
containing matrix with IPA added (purple, ), nitrogen-containing wastewater matrix 
(blue, ), and nitrogen-containing wastewater matrix with IPA (green, ). Panels are: 
(A) pCBA, (B) trimethoprim, (C) carbamazepine, (D) fluoxetine, and (E) atenolol. Error 
bars represent one standard deviation of duplicates. 
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Reaction by indirect photolysis is attributed to reactions between OH and the 
pharmaceuticals. As seen in Figure 2-1, the addition of IPA (a OH (and CO3-) quencher) 
to the nitrogen-containing matrices significantly slowed the reaction kinetics. This 
indicates that much of the loss seen beyond direct photolysis (observed in the buffer 
control) was a result of OH production/reaction. For fluoxetine and atenolol, degradation 
rates were faster in the wastewater compared to the synthetic nitrogen-containing matrix, 
but the addition of IPA to both matrices decreased the rate of pharmaceutical degradation 
to about that observed in the buffer control. Lam et al.121 found that CO3- could play a 
role in fluoxetine degradation, though oxidation with OH was likely dominant. Research 
on the indirect photolysis of atenolol has suggested that reactions can occur with CO3-, 
albeit at slower rates compared to those with OH.83 Conversely, others suggested that 
OH was not a major sink for atenolol, whereas reactions with singlet oxygen and triplet 
excited states were important.81,152 Our results, however, support the importance of OH 
reactions with fluoxetine and atenolol in these nitrite-containing matrices.123 
Experimental bimolecular rate constants for reaction of each pharmaceutical with OH 
were determined and are presented in Table 2-2. The calculated second order rate 
constants are consistent with a range of literature values collected under various 
conditions,76,86,121,124,125,127,153,154 again indicating that OH was the primary reactive 
species in the system.  
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Table 2-2. Second-order rate constants for reaction with hydroxyl radical in the nitrogen-containing synthetic matrix and wastewatera 
 λ ≥ 280 nm λ ≥ 220 nm  
 Synthetic matrix Wastewater Synthetic matrix Wastewater  
Compound kOH (M-1s-1) kOH (M-1s-1) kOH (M-1s-1) kOH (M-1s-1) Literature values (M-1s-1) 
Carbamazepine 9.34± 0.60×109  9.23±1.01×109 6.20±1.41×109 7.05±1.83×109 3 – 10×10
9 
76,124,125,127,153  
Trimethoprim 9.39±0.60×109 8.32±0.73×109 5.46±1.28×109 6.04±1.62×109 6 – 8×109 86,127 
Fluoxetine 8.68±0.99×109 1.08±0.07×1010 N/A N/A 8 – 10×10
9 
121,127 
Atenolol 8.94±1.37×109 1.31±0.08×1010 3.53±1.30×109 6.83±1.78 ×109 7 – 8×10
9 
86,127,154 
aErrors are 95% confidence intervals 
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2.4.2 Photolysis reactions in nitrogen-containing wastewater matrices at λ ≥220 nm 
As with the experiments at λ ≥ 280 nm, pCBA degradation was assessed at λ ≥ 
220 nm to clarify the roles of direct and indirect photolysis, light screening, and OH in 
the nitrogen-containing matrices. The degradation of pCBA exhibited pseudo first-order 
kinetics for λ ≥ 220 experiments. Direct photolysis of pCBA occurred as a result of light 
absorption by pCBA between 220 and 260 nm (Figure A-1). The rate of pCBA photolysis 
at wavelengths above 220 nm in buffer was faster than that observed in matrices 
containing nitrite, however, indicating light screening, and a subsequent slowing of direct 
photolysis by constituents in the nitrogen-containing matrices occurred (Figure 2-2, Table 
A-5). pCBA photolysis was also performed with 1% IPA amendment to assess the role of 
OH in the system. Because IPA might also quench the direct photolysis process of 
pCBA if a radical intermediate is involved, a buffer control with IPA and pCBA was also 
run. Results (Figure 2-2A) showed that IPA reduced the direct photolysis rate constant of 
pCBA by 37% (2.96 ± 0.16 × 10-2 min-1) in the buffer control, which could indicate 
quenching of a radical back to the parent compound. The pseudo first-order rate constant 
for pCBA degradation in buffer with IPA, after correcting for screening (following 
previously established methods84,100 described in the ESI), were comparable to the values 
observed in the nitrogen-containing matrices, suggesting that direct photochemical 
degradation could account for some of the pCBA loss observed in the nitrogen-containing 
matrices under the tested conditions. When IPA was added to the nitrogen-containing 
matrices, however, the reaction slowed dramatically (Figure 2-2A), with the pseudo first-
order rate of pCBA loss in the IPA-quenched experiment (5.10 ± 2.50×10-3 min-1) about 
69% lower than in the unquenched analogue (Table A-5). Taken together, these results 
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corroborate that direct photolysis was effectively screened in the nitrogen-containing 
matrices, with screening factor calculations (Table A-6) suggesting that the matrices 
screen more than half of light (Figure 2-2, Table A-5). Loss of pCBA in the nitrogen-
containing matrices, therefore, is treated as a reaction with predominantly OH, with 
direct photolysis minimal in these matrices due to light screening, and the [OH]ss 
reported in Table 2-1 is an upper bound estimate in the system.  
  
Figure 2-2. pCBA and pharmaceutical compound photodegradation at λ ≥ 220 nm as a 
function of time and corresponding UV fluence in buffer (black, ), buffer with IPA 
(dark purple, ), synthetic nitrogen-containing matrix (red, ), synthetic nitrogen-
containing matrix with IPA (purple, ), nitrogen-containing wastewater (blue, ), and 
nitrogen-containing wastewater with IPA (green, ). Panels are: (A) pCBA, (B) 
trimethoprim, (C) carbamazepine, and (D) atenolol. Photolysis of fluoxetine occurred 
rapidly with complete disappearance within a few minutes; therefore, the data is not 
shown. Error bars represent one standard deviation of duplicates. 
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 In the case of the pharmaceuticals, both direct and indirect photolysis were also 
observed, with the degradation of each pharmaceutical faster by an order of magnitude or 
more when photolyzed under λ ≥ 220 nm conditions (Table A-5). Indeed, at these lower 
wavelengths the pharmaceuticals experienced significantly enhanced direct photolysis in 
the solutions without nitrogen. For example, photolysis of fluoxetine under λ ≥ 220 
conditions occurred so rapidly that complete disappearance was observed within a few 
minutes (data not shown). Trimethoprim exhibited substantial direct photolysis in buffer, 
and the reaction occurred faster than in the nitrogen-containing matrices, even after 
accounting for screening. Similar to pCBA, estimated screening factors indicated light 
screening occurred in the nitrogen-containing matrices, limiting the direct photolysis. IPA 
quenched the reactions in these matrices, almost completely so for carbamazepine and 
trimethoprim and approximately 69-72% for atenolol (Figure 2-2). Thus, like for pCBA, 
light was absorbed by nitrite and other constituents in the synthetic and wastewater 
matrices, and direct photolysis was inhibited by light screening in these nitrogen-
containing matrices.   
Bimolecular rate constants for reaction of carbamazepine and trimethoprim with 
OH were again estimated (Table 2-2) as described previously in equation 10, with the 
exception that 𝑘𝑘𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′  was considered negligible (due to screening as outlined above) and 
thus 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′ = 𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛′ . Calculation of bimolecular rate constants for 
atenolol was more complex. As discussed for the 280 nm conditions, atenolol is known to 
react with transient oxidants other than OH, such as CO3-, singlet oxygen, and triplet 
state organic matter. The experimental results presented herein, however, indicated that 
while other processes are occurring that are responsible for the partial sensitized 
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degradation of atenolol, OH is the major oxidant in the matrices. To better estimate the 
rate of indirect photolysis due to OH in the nitrogen-containing matrices, the pseudo 
first-order rate constants for the IPA spiked experiments were subtracted from the pseudo 
first-order rate constants of atenolol loss in the respective matrix (i.e., 𝑘𝑘𝑛𝑛𝑛𝑛𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎,𝑂𝑂𝑂𝑂′ =
𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛′ − 𝑘𝑘𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛−𝑐𝑐𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛𝑛,𝐼𝐼𝐼𝐼𝑝𝑝′ ). Overall, the estimates of rate constants 
for reaction with OH at λ ≥ 220 nm (Table 2-2) are within approximately a factor of 2 of 
the values calculated at λ ≥ 280 nm and consistent with literature values, indicating an 
important role for OH in the λ ≥ 220 nm experiments. Thus, while there is inherent error 
in these calculations due to the uncertainties associated with the steady-state [OH] 
estimate and assumptions made based on quencher experiment results, the values appear 
to be reasonable. We suspect the generally lower values of the second-order rate 
constants calculated for λ ≥ 220 compared to the experiments at λ ≥ 280 nm and literature 
values are due to these assumptions. 
2.4.3 N-Nitrosamine formation potential 
 TONO were detected in the nitrogen-containing wastewater at average 
concentrations ranging from 467.2±31.8 ng/L as NDMA for λ ≥ 220 to 3332.0±72.7 ng/L 
as NDMA for λ ≥ 280 (Figure 2-3) at corresponding fluences of 1269.3 𝑛𝑛𝐸𝐸𝐸𝐸 𝑛𝑛−2 
(47938.3 𝑛𝑛𝑚𝑚 𝑐𝑐𝑛𝑛−2) to 58.6 𝑛𝑛𝐸𝐸𝐸𝐸 𝑛𝑛−2 (2033.1 𝑛𝑛𝑚𝑚 𝑐𝑐𝑛𝑛−2), respectively. The trace levels 
of pharmaceuticals studied in these experiments (1 μM of each of the four compounds), 
some of which contain secondary amine groups, did not increase TONO concentration 
(349.1±15.4 and 3310.6±14.6 ng/L as NDMA for λ ≥ 220 nm and λ ≥ 280 nm, 
respectively). TONO concentrations in the dark controls were below the LOQ (10 ng/L as 
NDMA). The significantly lower TONO concentrations in the nitrogen-containing 
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wastewater irradiated at λ ≥ 220 nm was attributed to greater subsequent photolytic 
removal of nitrosamines via direct photolysis compared to λ ≥ 280 nm. Due to the 
relatively high nitrite concentrations and possible microbiologically-derived organic 
nitrogen in the reactor effluent, the measured TONO concentrations were comparable to, 
or higher than, levels measured in raw (403-963 ng/L as NDMA), chloraminated (889-
2110 ng/L as NDMA), and ozonated (910-2980 ng/L as NDMA) conventional (i.e., no 
nutrient removal) wastewater effluents.138  
 
 
Figure 2-3. Total nitrosamines in amended reactor effluent samples (n=2) without and 
with the addition of all four pharmaceutical compounds (1 μM of each) irradiated with 
the 220 or 280 nm cut-off filter. Error bars represent one standard deviation. 
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While NDMA is only a fraction of TONO measured in wastewaters,151,155 for the 
purposes of modeling a “worst-case” scenario, it is assumed that all nitrosamines formed 
are NDMA. A first-order linear ordinary differential equation (12) was used to model 
NDMA concentration as a function of time throughout the reaction vessel. The rate of 
formation (𝑅𝑅𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝) was based on the photochemical formation of NDMA as a function of 
dimethylamine and nitrite ion photolysis,90 minus the rate of subsequent NDMA 
destruction by direct UV photolysis (𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠).  
 𝑑𝑑𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁
𝑑𝑑𝑎𝑎
= 𝑘𝑘𝑓𝑓𝑛𝑛𝑎𝑎𝑛𝑛[𝑁𝑁𝑂𝑂2−][𝐷𝐷𝐷𝐷𝑝𝑝] − 𝜙𝜙𝐼𝐼𝜆𝜆𝜀𝜀𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝 (12) 
 𝑑𝑑𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁
𝑑𝑑𝑎𝑎




+ 𝛼𝛼𝑖𝑖−𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠𝑎𝑎 (14) 
The term α is a constant of integration found using the initial condition 𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝(𝑖𝑖 = 0) =
0, as shown in equation 14, and is calculated for each model scenario (equation 15). 
 𝛼𝛼 = −𝑅𝑅𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁
𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠
 (15) 
Past research has shown that OH does not enhance the photodegradation of 
NDMA under polychromatic irradiation and that AOPs generating OH are less efficient 
compared to UV photolysis due to moderate second order rate constants.142,156 
Furthermore, research has suggested that direct photolysis of NDMA dominated under 
natural sunlight in a wetland system.83 Subsequently, NDMA loss as a result of reaction 
with OH was not included in this model for λ ≥ 280 nm and λ ≥ 220 nm conditions.  
 Eight scenarios were modeled with 𝑅𝑅𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝 values derived from results reported 
by Lee and Yoon90 during the photolysis of 1 mM NO2- with either 1 or 4 mM of DMA 
(i.e., 𝑅𝑅𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝 for scenario 1 is for 1 mM DMA, 𝑅𝑅𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝for scenario 2 is for 4 mM DMA, 
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and so on). It was determined that within the first 60 minutes of UV-A (300-400 nm) 
irradiation with a measured incident photon intensity of 1.4 × 10-5 Einstein L-1s-1, 1.26 × 
104 ng/L (1.7 × 10-7 M) and 4.59 × 104 ng/L (6.2 ×10-7 M) of NDMA formed with 1 and 4 
mM DMA present, respectively.90 For each scenario, 𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠 varied and was based on data 
collected from the TONO measurements in the system presented above (Figure 2-3) and 
literature values. The rate of NDMA loss was calculated for scenarios 1-6 using equation 
16 and assuming that a steady-state concentration of NDMA (𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝,𝑆𝑆𝑆𝑆) would be 





In scenarios 1 and 2, 𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠 was derived using the approximate 𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑝𝑝,𝑆𝑆𝑆𝑆 from Lee 
and Yoon; approximate steady-state concentrations of NDMA at 180 minutes were 
estimated to be 1.11 × 104 ng/L (1.5×10-7 M) and 4.44 × 104 ng/L (6.0×10-7 M) for 1 and 
4 mM DMA respectively. In scenarios 3 – 6, measured TONO concentrations in reactor 
samples irradiated under conditions of λ ≥ 220 nm and λ ≥ 280 nm were used to estimate 
𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠 values in our system. Because the measurements were made after 120 minutes of 
irradiation, it was assumed the concentration of TONO had reached steady state, and that 
concentration was treated as the equivalent steady state NDMA concentration. In 
scenarios 7 and 8, a time-based, average 𝑘𝑘𝑙𝑙𝑛𝑛𝑠𝑠𝑠𝑠(= 0.36 𝑛𝑛𝐸𝐸𝑛𝑛−1) from Sharpless and 
Linden142 for direct photochemical reaction between 200 and 300 nm was used. 
UV fluences above 500 mJ cm-2 were used for NDMA removal142 and a fluence 
of ~1000 mJ cm-2 was required for a log order reduction in NDMA135. For all scenarios 
modeled (Figure 2-4) significant steady-state concentrations of NDMA formed over 120 
minutes, assuming minimal destruction of nitrosamine precursors throughout irradiation. 
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For scenarios 5 and 6, which exhibited the lowest steady-state concentrations, even with 
polychromatic light irradiation at λ≥ 220 nm for 30 minutes – an equivalent fluence of 
317.3 𝑛𝑛𝐸𝐸𝐸𝐸 𝑛𝑛−2 (11984.6 𝑛𝑛𝑚𝑚 𝑐𝑐𝑛𝑛−2), the model predicted NDMA concentrations 
reaching about 467 ng/L as NDMA. 
    
Figure 2-4. Model of NDMA concentrations over time for 8 scenarios. Symbols and 
corresponding model variables, rate of formation (R, M min-1), rate constant of loss (k, 
min-1), and constant of integration (alpha), are summarized in the inset table in the left 
corner of the figure.  Rates of formation are a function of either 4 mM (indicated by open 
symbols) or 1 mM DMA (indicated by closed symbols) and 1 mM nitrite for λ = 300-400 
nm. Scenarios 1 and 2 are represented by squares (,) with rates of loss calculated 
from Lee and Yoon 200790 for λ = 300-400 nm; scenarios 3 and 4 are represented by 
circles (,) with rates of loss calculated from reactor effluent λ ≥ 280 nm TONO 
measurements (Figure 2-3); scenarios 5 and 6 are represented by triangles (,) with 
rates of loss calculated from reactor effluent λ ≥ 220 nm TONO measurements (Figure 
2-3); scenarios 7 and 8 are represented by upside down triangles (,) with the rate of 
loss constant determined by Sharpless and Linden 2003142. 
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2.5 Conclusions 
In a partially nitritated wastewater stream containing high levels of nitrite, trace 
pharmaceutical compounds could undergo photolytic degradation when exposed to UV. 
The results of this study also suggest that if nitritated effluents were exposed to solar light 
(for example, in a treatment wetland or lagoon), trace organic contaminants would also 
be degraded by solar photolysis. Oxidation by OH was responsible for much of the 
degradation observed. This process could increase removal of organic contaminants 
found in municipal wastewater, in particular, compounds that are considered recalcitrant 
because they are not readily biodegraded or completely removed by conventional or 
anaerobic treatment and may have low direct photolysis quantum yields. Previous 
research has shown that some recalcitrant pharmaceuticals, such as carbamazepine, and 
their products can undergo enhanced biotransformation and mineralization after 
UV/H2O2 AOP treatment and antibiotics like trimethoprim can have no antibacterially 
active transformation products.3,12,157 Therefore, transformation of these compounds by 
reaction with OH could increase the susceptibility of products to biodegradation, which 
would make an intermediate UV process even more promising to further remove these 
trace organic compounds, especially those that already demonstrate some propensity to 
biodegrade.3,5,6,8,158,159 Nevertheless, a foreseeable downside is that significant total N-
nitrosamine formation could occur from nitrite photolysis. Because nitrosamines are also 
subject to photolytic degradation, more research is needed to determine how to operate 
such a system to facilitate nitrosamine loss in addition to pharmaceutical destruction.   
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Chapter 3. Photochemical Fate of Quaternary Ammonium Compounds in River 
Water 
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The photochemical fate of quaternary ammonium compounds in surface water is largely 
influenced by reaction with hydroxyl radical.  
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3.1 Preface  
Quaternary ammonium compounds (QACs) are not completely removed during 
wastewater treatment and are frequently detected in surface waters and sediments. 
Photochemical transformation of QACs has not been thoroughly investigated as a 
potential degradation pathway affecting their fate in the environment. Kinetic studies of 
common QACs with and without aromatic groups under simulated and natural sunlight 
conditions were performed with model sensitizers and dissolved organic matter to 
estimate photochemical half-lives in the aquatic environment. All QACs investigated 
react with hydroxyl radical at diffusion-controlled rates (~2.9 × 109 to 1.2 × 1010 M-1 s-1). 
Benzethonium reacted via direct photolysis (ΦBZT,outdoor = 1.7 × 10
-2
  (mol Ei
-1
)). 
Benzethonium also reacted with the triplet excited state model sensitizer 2-
acetylnaphthalene, but evidence suggests this reaction pathway is unimportant in natural 
waters due to faster quenching of the triplet 2-acetylnapthalene by oxygen. Reactivity 
with singlet oxygen for the QACs was minimal. Overall, reactions with hydroxyl radical 
will dominate over direct photolysis due to limited spectral overlap of sunlight emission 
and QAC absorbance. Photolysis half-lives are predicted to be 12 to 94 days, indicating 
slow abiotic degradation in surface water.      
3.2 Introduction 
Since the late 1930s, quaternary ammonium compounds (QACs) have been a 
widely used class of chemicals, chemical mixtures, and additives in a variety of 
industrial, agricultural, clinical, and consumer products and applications.22–24 Some 
QACs are designated by the U.S. Environmental Protection Agency and the Organization 
for Economic Cooperation and Development as high production volume chemicals (≥1 
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million pounds per year imported or manufactured). An extensive primary use of QACs 
is as cationic surfactants.25,26 QACs are used in fabric softeners, antistatic agents, 
commercial disinfectants, sanitizers, antimicrobials, biocides, herbicides, pesticides, food 
preservatives, detergents, phase transfer agents, and active ingredients in 
pharmaceuticals, cosmetics, and personal care products such as shampoos and 
antibacterial soaps.22,23,27,28 QACs are also used as lytic biocides, corrosion inhibitors, and 
clay stabilizers in hydraulic fracturing.27,48,160,161 
QACs contain at least one hydrophobic hydrocarbon chain bonded to a positively 
charged quaternary nitrogen atom and have other alkyl groups that tend to be mostly 
short-chain substituents such as methyl or benzyl functional groups.22,30 The central 
nitrogen is covalently bonded to four carbon-containing “R”-substituents (R4N+).27 There 
are three major classes of QACs: benzylalkyl dimethyl ammonium compounds (BACs), 
alkyltrimethyl ammonium compounds (ATMACs), and dialkyldimethyl ammonium 
compounds (DADMACs).   
QACs are introduced into aquatic ecosystems through point source pollution and 
the discharge of effluent from wastewater treatment plants and are considered emerging 
pollutants.22,23,28,33,44–47 QACs have been detected in environmental compartments ranging 
from surface water to sediment and may be found in septic and sewage impacted 
areas.28,34,48,162,163 Worldwide average concentration of QACs in domestic wastewater, 
treated effluent, and surface water has been reported to be approximately 500 μg/L, 50 
μg/L, and 40 μg/L, respectively.24,28,45 The three QAC classes most frequently detected in 
the environment are: DADMACs with alkyl chain lengths from C8 to C18, ATMACs with 
alkyl chain length from C12 to C18, and BACs with alkyl chain lengths from C12 to C18.22 
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Approximately 75% of QACs used annually are released into wastewater treatment 
systems and BAC is the most frequently found QAC group worldwide in municipal 
wastewater effluent at concentrations ranging from 20 to 300 μg/L.43,46,49,50,163 Although a 
large fraction of QACs are removed during the wastewater treatment process, QACs are 
still detected in aquatic environments, especially at higher concentrations in locations 
downstream of wastewater effluent discharge.28,34,35,45,160,162,164,165 
Understanding the fate of QACs is important because an estimated 32.5% of 
QACs produced worldwide are released to the environment,24 and they retain their 
biocidal properties after application.24,54,56 QACs are known to be aerobically 
biodegradable, but the extent of biodegradation is variable.25,40,42,48,166 Based on 
laboratory studies, rates can vary from hours to months and depend on factors such as 
QAC structure, concentration, and microbial acclimation.51,62,167,168 Results from some of 
these studies suggest that biodegradation rates decrease with increasing hydrophobic 
alkyl chain length. Additionally, the data indicate that QACs with a benzyl group have 
decreased biodegradation.48 Moreover, while water-soluble, QACs have a strong 
tendency to sorb to organic matter in water bodies due to favorable hydrophobic and 
electrostatic interactions,28,34,39,162 which might reduce bioavailability and inhibit 
biodegradation. QACs have been detected in sediments at concentrations higher than in 
the aqueous phase,28,34,35,163,169 suggesting QACs are environmentally persistent48 and 
their transport and fate are dependent upon association with organic matter in surface 
waters.169  
Ecotoxicological effective concentrations (EC50) of QACs reported for various fish, 
algae, crustacean, daphnia, rotifer, bacterial, and protozoan species range from tens of μg 
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L-1 to mg L-1.22,23,42,116,170 While QACs generally have not been considered acutely toxic to 
aquatic organisms based on reported surface water concentrations below many EC50 
values, more research is needed.23,28,170 QACs might still pose cumulative chronic effects. 
Concerns about the detection of QACs in the environment stem from the possibility that 
prolonged exposure to sub-inhibitory QAC concentrations co-selects for antibiotic resistant 
bacteria.24,56,171–175    
The photochemical behavior of QACs in natural environments is still not well 
understood. BACs are considered stable to direct photodegradation.27,176 Direct photolysis 
occurs when a contaminant undergoes transformation, such as breaking of bonds, resulting 
from directly absorbing light energy.84 Many QACs lack chromophoric functional groups 
or exhibit poor absorption of light in the visible spectrum; thus, direct photolysis processes 
may be limited in natural waters. Indirect photolysis, facilitated by QAC association with 
dissolved organic matter (DOM), could be an important and under-studied attenuation 
mechanism. Indirect photolysis occurs when a photosensitizer such as  organic matter in 
natural waters absorbs light energy, becomes electronically excited, and subsequently 
reacts with a contaminant or produces transient photochemically produced reactive 
intermediates (PPRIs) that are energetically capable of transforming target contaminants.84 
PPRIs, including reactive oxygen species (ROS), including hydroxyl radical (•OH) and 
singlet oxygen (1O2), and non-ROS excited triplet states of DOM (3DOM*), react with 
contaminants in natural systems thus enhancing degradation and increasing 
phototransformation rates.84,99–101 QACs may sorb to DOM, which is ubiquitous in natural 
waters, and this interaction affects their distribution, transformation, and bioavailability. In 
aquatic systems, DOM may act as a sink for QACs and as a photosensitizer. For some 
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hydrophobic compounds, attachment to DOM can expose the pollutant to heterogeneous 
microenvironments with high concentrations of PPRIs177 that accelerate degradation, or 
alternatively, this association could shield compounds from light, inhibiting reactions.  
This study examines the photochemical fate of 5 QACs in surface waters and 
addresses gaps in knowledge on biocide degradation.27 By conducting experiments in 
buffered ultrapure water using sensitizers and radical quenchers and in Mississippi River 
water, the relative contributions of direct and indirect photolysis for each QAC are 
determined. Kinetic studies allow for calculation of second-order reaction rate constants in 
radical-mediated processes, estimation of quantum yields where relevant, and estimation 
of environmental half-lives in natural waters.  
3.3 Materials and methods 
3.3.1 Chemicals and reagents 
The quaternary ammonium compounds used in this study were: benzyldimethyl-
n-dodecylammonium chloride (C12-BAC, 98%, Alfa Aesar), benzyldimethyltetradecyl-
ammonium chloride hydrate (C14-BAC, 99%, TCI America), benzethonium chloride 
(BZT, 99%, TCI America), didodecyldimethylammonium bromide (C12-DADMA, 
99.9%, Santa Cruz Biotechnology), and didodecyltrimethyl ammonium bromide (C12-
ATMA, 99%, Acros Organics). Structures are shown in Electronic Supplementary 
Information (ESI) Table B-1, and these compounds were selected because they represent 
high use molecules in different QAC classes. Experimental aqueous stocks, solutions, and 
buffers were prepared using ultrapure water (resistivity 18.2 MΩ-cm, EMD Millipore 
Corp.). Hydrogen peroxide (H2O2, 30%, Fisher) was used as a •OH sensitizer, Rose 
Bengal (RB, dye content 95%, Sigma-Aldrich) and 2-acetylnaphthalene (2-AN, 99%, 
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Alfa Aesar), were used as 1O2 sensitizers, para-chlorobenzoic acid (pCBA, 98%, Acros 
Organics) was used as a •OH probe, furfuryl alcohol (FFA, 98%, Sigma-Aldrich) was 
used as a 1O2 probe, HPLC grade 2-propanol (IPA, 99.9%, Fisher) was used as a •OH 
quencher, L-Histidine (His, 99%, Sigma Aldrich) was used as a 1O2 quencher, and sorbic 
acid (99%, Alfa Aesar) was used as a quenching agent for triplet excited states. p-
Nitroacetophenone and pyridine (PNAP-PYR) were used as an actinometer.178,179 
Tetraoctylammonium bromide (C8-TAA, 98%, Sigma Aldrich) and 
tetrapentylammonium bromide (C5-TAA, 99%, Sigma Aldrich) were used as internal 
standards for mass spectrometry analysis. Sodium phosphate monobasic monohydrate 
(98%, Fisher), sodium phosphate dibasic anhydrous (99%, J.T. Baker), ammonium 
acetate (97%, Macron), sodium hydroxide (98%, Macron), hydrochloric acid (35%, 
TraceMetal Grade, Fisher), o-phosphoric acid (85%, HPLC Grade, Fisher), glacial acetic 
acid (99%, ACS Grade, BDH) and formic acid (88%, ACS Grade, Fisher) were used to 
prepare buffers for experiments and high-pressure liquid chromatography (HPLC) 
analysis. HPLC grade methanol (99.9%, Fisher) and HPLC grade acetonitrile (99.9%, 
Fisher or J.T. Baker) were used in HPLC eluents. Optima LC/MS grade (Fisher 
Scientific) acetonitrile, water, formic acid, and ammonium acetate were used in eluents 
for mass spectrometry. 
3.3.2 River water sample collection and analysis 
Mississippi River water (MRW) grab samples were collected in Minneapolis, MN 
in clean (soaked in Alcanox overnight and rinsed 3× with tap water, deionized water, and 
ultrapure water), combusted (5 hours at 550 °C) Pyrex glass media bottles at Saint 
Anthony Falls Laboratory (February 27, 2019) and the University of Minnesota 
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Boathouse dock (June 5, 2018). Whole water samples were immediately vacuum filtered 
through a combusted 0.7 μm glass fiber filter followed by a sterile 0.2 μm Omnipore 
membrane filter (Millipore) and then stored at 4 °C in the dark prior to photolysis 
experiments.  
River water samples were characterized immediately before conducting 
photolysis experiments. Nitrate and nitrite were measured by ion chromatography using a 
Metrohm Compact ion chromatograph model 930. Calibration curves were generated 
with ACS grade sodium salts and detection limits were 0.1 mg L-1 as N for both NO3- and 
NO2-. Dissolved organic carbon (DOC), as non-purgeable organic carbon, and dissolved 
inorganic carbon (DIC) were measured with a Shimadzu TOC-L total organic carbon 
analyzer. Calibration curves were generated using potassium hydrogen phthalate 
(≥99.95%, Sigma-Aldrich) for DOC and anhydrous sodium carbonate (ACS grade, 
Fisher) and sodium bicarbonate (99.7–100.3%, Sigma-Aldrich) for DIC. River water pH 
was measured using a Thermo Scientific Orion pH probe (calibrated with pH 4, 7, and 10 
standard solutions from Fisher). This information is tabulated in Table B-2.  
3.3.3 Absorption spectra  
Ultraviolet-visible absorbance of river water as well as aqueous QAC, probe, and 
actinometer solutions were measured with a Shimadzu UV-1601PC spectrophotometer 
using 1 cm quartz cuvettes. The light absorption properties of the chemicals are shown in 
the Figure B-1.  
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3.3.4 Analytical methods 
Concentrations of QAC with an aromatic group (C12-BAC, C14-BAC, BZT), the 
actinometer, and probe compounds were determined by HPLC using an Agilent 1100 LC 
with a variable wavelength detector. HPLC methods are summarized in Table B-3. C12-
DADMA and C12-ATMA were quantified on a Thermo Dionex UltiMate 3000 
RSLCnano system equipped with a Thermo TSQ Vantage triple quadrupole tandem mass 
spectrometer (LC-MS/MS) in positive electrospray ionization mode at the University of 
Minnesota Masonic Cancer Center using the following parameters: heated electrospray 
ionization, spray voltage of 2.6 kV, vaporizer temperature 250 °C, sheath gas pressure of 
25 psi, aux gas pressure of 20 psi, capillary temperature of 300 °C, SRM scan width 
(m/z) of 0.1 and scan time (s) of 0.25. Separation was performed on a Waters XSelect 
CSH C18 (3.5 μm, 130 Å, 50×2.1mm) column. Flow rate was maintained at 250 μL/min, 
sample temperature was 10 °C, the column was kept at room temperature, and 4 μL was 
injected on the column. 10 minute isocratic methods of mobile phases A: 2 mM 
ammonium acetate with 0.1% formic acid in water, B: 0.1% formic acid in acetonitrile, 
and C: isopropanol were used (65% A, 20% B, and 15% C for C12-ATMA and 37% A, 
33% B, and 30% C for C12-DADMA). Flow was diverted to waste from 0 to 4.5 minutes. 
For C12-ATMA the m/z values monitored were 228.26 and 60.15 and the retention time 
was 6.1 min, and for C12-DADMA they were 382.44, 214.28, and 5.6 min.  
3.3.5 Model sensitizer photochemical experiments 
Experiments were performed to determine the reactivity of QACs with •OHs 
using H2O2 and with 1O2 using RB and 2-acetylnaphthalene. Duplicate experiments were 
run in sealed quartz test tubes in an Atlas Suntest CPS+ solar simulator equipped with a 
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1500 W xenon arc lamp and 290 nm cutoff filter, though it has previously been reported 
there is some light transmission <290 nm,100 at a light intensity over 300-800 nm of 765 
Wm-2 for •OH experiments, at 350 Wm-2 for 1O2 experiments with RB, and at 765 Wm-2 
for 1O2 experiments with 2-AN. The different light intensities were used to control the 
time over which the reaction occurred. During •OH experiments, QACs (C12 and C14-
BAC, BZT) and pCBA were spiked from concentrated aqueous stock solutions prepared 
in unbuffered ultrapure water to achieve an initial concentration of approximately 10 μM 
in 6-8 mL of phosphate buffer (10 mM, pH 7.0) with 1 mM H2O2. Sub-samples of 200 or 
500 μL were withdrawn at regular time intervals using combusted glass Pasteur pipettes 
and dispensed into 1.5 mL amber glass HPLC vials with crimp caps. Equivalent 
experiments with C12-DADMA and C12-ATMA had initial QAC concentrations of 1 μM 
and a pCBA concentration of 5 μM. Sub-samples of 900 μL were dispensed into screw 
top HPLC vials with 100 μL internal standard mix in acetonitrile (C8-TAA for C12-
DADMA and C5-TAA for C12-ATMA) for LC-MS/MS analysis and 500 μL samples 
were withdrawn for pCBA analysis via HPLC. Control experiments to account for direct 
photochemical and non-photochemical losses were performed. Direct controls were run 
in buffer with the QAC and probe. Dark controls containing the QAC, sensitizer, and 
probe compound were wrapped in aluminum foil. A quenched control spiked with 1% 
IPA was also simultaneously run. 
Singlet oxygen experiments were conducted in a similar fashion with test tubes 
containing 8 mL of phosphate buffer (10 mM, pH 7.0), 1-2 μM RB (ground-state 
reduction potential, Eo (S/S-) = -0.54 VSHE; triplet energy, ET = 171 kJ mol-1; triplet state 
reduction potential, Eo* (3S*/S-) = 1.23 VSHE; 1O2 quantum yield ΦΔ = 0.75)112, 40 μM 
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FFA, and 10 μM BZT or C12-BAC. L-Histidine (20 mM) was used as a 1O2 quencher. To 
explore the role of 1O2 and triplet states, experiments with deoxygenated (i.e., nitrogen-
sparged) solutions were carried out. Additional experiments were conducted for BZT 
with 16 μM 2-AN (ground-state reduction potential, Eo (S/S-) = -1.48 VSHE; triplet 
energy, ET = 249 kJ mol-1; triplet state reduction potential, Eo* (3S*/S-) = 1.10 VSHE; 1O2 
quantum yield ΦΔ = 0.71).112 Deoxygenated solutions were prepared in an anaerobic 
glove bag (97% N2/3% H2, Pd catalyst, Coy Laboratory Products Inc.) by spiking 
aqueous stocks (in deoxygenated ultrapure water) of BZT, 2-AN, and FFA in 
deoxygenated pH7 10 mM phosphate buffer, which was sparged with N2 gas for 2 hours. 
The solution was placed into quartz test tubes and further bubbled with N2 outside of the 
glove bag for 5-10 minutes prior to being sealed with foil and rubber septa caps. The 
deoxygenated tubes were sampled sacrificially at 20 and 50 minutes. Another experiment 
with BZT in deoxygenated phosphate buffer was run with 1 mM sorbic acid to quench 
triplets.180,181 Sorbic acid was stirred overnight on a heated stir plate and then sonicated 
and degassed with application of vacuum for 10 - 20 minutes at 30 – 40 °C before being 
brought into the glove bag. Other solutions were prepared as above, and all sample 
solutions were bubbled with N2 outside the glove bag for 30 minutes prior to being 
dispensed into test tubes under a nitrogen blanket and sealed with foil and rubber septa 
caps. Tubes were sampled sacrificially after 10, 20, 30, 40, and 50 minutes.  
Steady-state concentrations of hydroxyl radical ([OH]ss) and singlet oxygen 
([1O2]ss were calculated from the ratio of the measured pseudo-first-order rate constant 
(kobs), determined via linear regression, and the bimolecular reaction rate constant of 
pCBA with •OH (kOH,pCBA = 5 × 109 M-1s-1) 88 and FFA with 1O2 (k1O2,FFA = 1.17 × 108 
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M-1s-1 at 30 °C).111 Direct photolysis losses of the probes were negligible. Assuming a 
first-order kinetic dependence on each QAC and pCBA and that the reactions proceed 
independently, bimolecular reaction rate constants of QACs with •OH (k∙OH,QAC) were 
derived using competition kinetics according to equation 17.  






The rate constants for respective QACs were obtained from linear regressions of 
logarithmic plots of normalized QAC versus pCBA concentrations in the same tube. 
3.3.6 Simulated and outdoor photochemical experiments in river water 
QAC photolysis experiments were performed in Mississippi River water and 
phosphate buffer under simulated and natural sunlight to assess the relative importance of 
direct photolysis and indirect photochemical transformation due to PPRIs. The radical-
specific probe pCBA was used for the quantification of OH steady-state concentrations 
in the same tube. Direct photolysis controls were performed for all QACs and pCBA in 
phosphate buffer solutions (10 mM, pH 7.0), and dark control experiments for QACs and 
pCBA in river water were performed in tubes wrapped with aluminum foil. River water 
solutions spiked with 1% IPA as a radical quencher were concurrently irradiated to 
evaluate the importance of indirect photolysis processes involving OH. Time resolved 
samples of 200 or 500 μL were removed for HPLC analysis to determine reaction 
kinetics. 
For simulated sunlight experiments, C12 and C14-BAC and BZT were photolyzed 
in filtered Mississippi River water using the solar simulator. The light intensity was set to 
765 Wm-2, and samples were taken every 5 hours. All experiments were run in duplicate. 
For outdoor natural sunlight experiments, C12 and C14-BAC and BZT were photolyzed in 
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filtered Mississippi River water collected on June 5, 2018 over a total of 26.8 hours from 
June 28, 2018 to July 6, 2018 (Table B-4 summarizes the exposures) on the rooftop of the 
University of Minnesota Mechanical Engineering building (latitude: 44°58’30”N, 
longitude: 93°14’1”W, elevation: 860 ft, azimuth: 218°SW).  
Aliquots of 6-8 mL initial volume reaction solutions in 10 mL quartz test tubes 
(13 mm o.d., 11 mm i.d.) were sealed with pre-combusted aluminum foil squares and 
then rubber septa caps. Test tubes were irradiated at a 30° angle from horizontal. Initial 
QAC and probe concentrations were nominally 10 μM, allowing for direct monitoring of 
reactant and probe compound concentrations and minimization of light screening.  
The chemical actinometer PNAP-PYR was simultaneously irradiated during 
simulated and natural sunlight river water experiments to estimate the spectral irradiance 
of the light source, calculate direct photolysis quantum yields for QACs at low optical 
density, and plot long duration experimental data by dose via actinometer loss to compare 
laboratory and outdoor experiments. The PNAP-PYR actinometer was chosen because 
the half-life of the QACs was expected to be greater than 4 hours based on preliminary 
experiments. The concentrations of pyridine were set using relationships in Leifer 178 
such that the actinometer loss rate would occur over the same time scale as QAC loss. 
The spectral irradiance of the solar simulator at wavelengths 276-400 nm was estimated 
using a bimolecular solution of 47.2 mM pyridine added to 10.7 μM p-nitroacetophenone 
for a desired half-life of 17 hours in river water experiments. For rooftop experiments, a 
11.4 μM PNAP/52.3 mM pyridine solution was used. The molar absorptivity of PNAP 
(εPNAP) was calculated by linear regression of absorbance measurements of 3 analytical 
standards (concentrations 5, 10, and 15 μM) prepared in Milli-Q with trace acetonitrile.   
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The SMARTS 2.9.5 model182–184 was used to calculate the solar spectral 
irradiance (Figure B-1) over the time course of outdoor experiments. Salient inputs are 
summarized in SI Table B-5. Global tilted irradiances were calculated for each solar hour 
in an experimental day, summed, and divided by the total exposure hours for each day. 
The daily irradiances were then averaged for quantum yield calculations.  
Direct photolysis quantum yields were calculated following the methods outlined 
in Dulin and Mill179 and Leifer178 with the updated PNAP-PYR quantum yield 
relationship published by Laszakovits et al.,185 summarized by equation 18.  






𝐼𝐼𝜆𝜆 = the irradiance (intensity) of incident light in einsteins m-2 s-1 at a fixed wavelength λ. 
𝜀𝜀𝜆𝜆= the decadic molar absorption coefficient of the actinometer (a) or the compound (c) 
in M-1 m-1. The molar absorptivity of the QAC cation was determined by measuring the 
absorption spectra of a 100 μM solution in buffer and subtracting the absorption of an 
equivalent concentration of the counter anion (100 μM NaCl or NaBr) as a blank. 
ϕda= ϕPNAP= 0.0074[pyr] + 1.1 × 10
-5.185 𝑘𝑘𝑖𝑖𝑖𝑖
𝑘𝑘𝑖𝑖𝑎𝑎
 = the slope of the logarithmic plot of direct 
photodegradation of the compound versus actinometer determined by linear regression. 
The wavelength range was 276 to 400 nm for the solar simulator and 280 to 400 nm for 
outdoor experiments.  
3.3.7 Data Analysis 
Data points from replicate experiments were plotted individually. The slope of the 
regression lines and their standard error were used to calculate the required 
slopes/reaction rate constants and the associated 95% confidence intervals, respectively. 
Linear fits and generation of rate constants, standard errors of slopes, and 95% 
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confidence intervals were performed with Origin, Version 2017 (OriginLab Corporation, 
Northampton, MA, USA).  
3.4 Results and discussion 
3.4.1 Reactivity of QACs with •OH from H2O2 sensitizer experiments 
 Based on previous work with ionic liquids,82 •OH was hypothesized to be an 
important PPRI for the indirect photochemical transformation of QACs. Competition 
kinetics experiments were conducted with H2O2 and pCBA to determine bimolecular 
reaction rate constants between QACs and •OH (k∙OH,QAC). Figure 3-1 shows the natural 
log of the ratio of concentration normalized by the initial concentration of QACs during a 
solar simulator irradiation experiment with H2O2 producing •OH. The C12-ATMA H2O2 
40 minute data points (Figure 3-1D) were treated as outliers due to anomalous 
instrumental measurements, indicated by open symbols, and excluded from ensuing 
regression and analysis. For all the compounds studied, photolysis in the presence of OH 
follows pseudo-first order kinetics (r2 ≥ 0.83). Dark controls dosed with H2O2 showed no 
significant change in QAC concentration. Quantification of steady-state •OH 




Figure 3-1. Phototransformation over time of: C12-BAC (A), BZT (B), C14-BAC (C), 
C12-ATMA (D), C12-DADMA (E) in the presence of pCBA under simulated sunlight in 
phosphate buffer (Direct, black squares), with 1 mM hydrogen peroxide (H2O2, red 
circles), H2O2 dark control (Dark, green triangle), H2O2 with 1% isopropanol (IPA, blue 




Figure 3-2 shows the log-log plot of concentrations of the 5 QACs versus that of 
pCBA. Using the slopes of the linear regressions in Figure 3-2 and the bimolecular 
reaction rate constant of pCBA with •OH, k∙OH,QAC values were calculated for the QACs 
using equation 17 (Table 3-1).  
  
Figure 3-2. Log-log concentrations of QACs versus para-chlorobenzoic acid from solar 





Table 3-1. Bimolecular reaction rate constants of QACs with hydroxyl radical, k‧OH,QAC (M-1 s-1), 
determined using hydrogen peroxide as a sensitizer as well as those determined in Mississippi River 
water under simulated and natural sunlight.a  
QAC 
Hydrogen Peroxide Solar Simulator, River Water Outdoors, River Water 
k‧OH,QAC (M-1 s-1) [‧OH]ss (M) k‧OH,QAC (M-1 s-1) [‧OH]ss (M) k‧OH,QAC (M-1 s-1), 
C12-BAC (1.1 ± 0.1) × 1010 (7.0 ± 0.2) × 10-16 (1.1 ± 0.2) × 1010 (3.8 ± 0.3) × 10-16 (1.2 ± 0.1) × 1010 
C14-BAC (1.2 ± 0.2) × 1010 (6.7 ± 0.1) × 10-16 (1.2 ± 0.3) × 1010 (3.8 ± 0.3) × 10-16 (1.2 ± 0.3) × 1010 
BZT (1.08 ± 0.05) × 1010 (6.1 ± 0.4) × 10-16 (9.3 ± 1.3) × 109 (3.9 ± 0.4) × 10-16 (9.4 ± 3.2) × 109 
C12-ATMA (1.03 ± 0.14) × 1010     
C12-DADMA (2.9 ± 1.0) × 109     
aErrors represent 95% confidence intervals associated with the regression slopes in Figure 3-2. 
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The results demonstrate that the QACs studied react with OH at or near the 
diffusion-controlled limit (i.e., k∙OH,c= 5 × 109 − 1010 M-1s-1), which is the case for many 
organic contaminants.88,97 Hydroxyl radical reacts unselectively with most organic 
compounds and reactions occur at different functional groups. Typically, OH behaves as 
an electrophile and reacts with organic pollutants in two ways: 1) OH group addition to 
an aromatic ring or a double bond and 2) hydrogen atom abstraction from aliphatic 
carbon-hydrogen bonds.88,97 The structural differences of the studied QACs did not 
significantly affect the bimolecular rate constant, except the reaction between DADMA 
and OH is about an order of magnitude lower than for the other compounds.  
Similar for imidazolium cations,82 there was a slight trend seen for increasing 
k∙OH,QAC  with the increasing side-chain length of C12 and C14-BAC though the values are 
within error. For C12-DADMA, where reaction with •OH only occurs via H atom 
abstraction at C-H bonds in the side-chains, rates were smaller than for the BACs and 
BZT, and C12-ATMA. The exchange of a methyl group (ATMA) for a 12 carbon alkyl 
chain (DADMA) noticeably slows the reaction kinetics. The alkoxy groups in BZT have 
both inductive electron withdrawing and resonance electron-donating effects. Hydroxyl 
radical reacts rapidly with compounds containing aromatic rings with electron-donating 
substituents and addition reactions still occur at appreciable rates in the presence of 
electron-withdrawing groups.97 The coincidence in rates for the BACs, BZT, and C12-
ATMA suggests that H atom abstraction at C-H bonds in the side-chain contributes to the 
overall reaction of BACs and BZT with •OH in addition to any reaction at the ring.    
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3.4.2 Assessing reactivity with other PPRIs 
To further explore the role of specific PPRIs in QAC degradation in the presence 
of DOM and more definitively rule out additional pathways, sensitizer experiments were 
conducted to assess reactivity with 1O2 and triplet excited states. Because 1O2 is a 
selective electrophile preferentially reacting with electron-rich functional groups like 
sulfides, phenols, alkenes and aromatic compounds, anilines, furans, and other electron-
rich heterocycles,96,110,111 it was hypothesized QACs would have limited interaction with 
this reactive oxygen species. Moreover, because DOM can be a microheterogeneous 
environment in which 1O2 potentially reaches higher steady-state concentrations98,177 and 
QACs will associate with DOM, enhanced reactivity might occur if in fact they do react 
with 1O2.   
Experiments with RB showed no reaction between C12-BAC (Figure B-3A) and 
1O2 (FFA was used to measure the bulk concentration of 1O2 – [1O2]ss = (3.9 ± 1.2) × 10-
12 M) (Figure B-3B, Table B-7) under air saturated conditions, and there was no 
statistically significant difference between the pseudo-first-order rate constant for C12-
BAC loss with RB and the histidine quenched and dark controls. No loss of C12-BAC was 
observed in the deoxygenated control as well, indicating no reactivity with triplet excited 
states of RB. 
 BZT exhibited possible reactivity with the triplet excited state of RB based on 
decay in the histidine quenched control, and BZT loss in the dark control suggested that 
BZT was also potentially reacting with RB (Figure B-4). Additional control experiments 
(not shown) indicated that BZT interacts with RB under ambient, dark conditions and 
 67 
therefore a different 1O2 sensitizer, 2-AN, which is also a model 3DOM* sensitizer, was 
used.  
The experiments with BZT and 2-AN illustrated minimal BZT loss due to 1O2 
(Figure B-5A), and there was no statistically significant difference between the 2-AN 
results and the dark control and the histidine control where 1O2 is quenched. A 
deoxygenated control experiment was also conducted. Interestingly, in the deoxygenated 
solution containing 2-AN, BZT exhibited an approximately 84% decrease after 50 
minutes of irradiation. Addition of sorbic acid, which quenches triplet-excited states 
(with energy > 200 kJ mol-1) of organic compounds, to the deoxygenated 2-AN solution 
slowed the reaction by 95%. These results indicate that BZT is reacting with 32-AN*. 
FFA also reacted in the presence of 2-AN, but degassing the 2-AN solution resulted in a 
23% decrease in the pseudo-first-order rate constant of FFA compared to FFA in air-
saturated solution (Figure B-5B), indicating a role for both 1O2 and 32-AN*. Furthermore, 
minimal loss of FFA was observed in the deoxygenated solution upon addition of sorbic 
acid, reiterating that FFA is susceptible to degradation by organic triplets.186,187 Together, 
these results indicate that BZT does react with 32-AN*, but the reaction only occurs in the 
absence of oxygen, meaning quenching of the triplets by oxygen is faster than the 
reaction with BZT. Thus, BZT reaction with triplet excited state organic matter will 
likely be unimportant in environmental systems because dissolved oxygen in surface 
waters will efficiently scavenge triplets before they react with BZT.  
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3.4.3 Photochemical transformation of BACs in river water under simulated and 
natural sunlight 
The transformation of BACs was then investigated in the presence of DOM in 
river water. Based on their chemical structures, no other processes besides reactivity with 
•OH would occur to transform ATMA and DADMA and further experiments were not 
conducted in river water. Figure 3-3A and B show the time course of C12-BAC and C14- 
BAC concentrations in phosphate buffer and Mississippi River water in the solar 
simulator. Tubes were irradiated for a total of 30 hours and this exposure was almost 
continuous with tubes being removed after 5 or 10-hour increments for sampling and then 
being returned to resume irradiation in the solar simulator. The loss in river water 
exhibits pseudo-first-order kinetics as attested to by logarithmic plots for QAC photolysis 
versus actinometer loss (Figure B-6). To evaluate the oxidation of BACs by •OH, the 
probe pCBA was added to each MRW tube with BAC, allowing for competition kinetics 
and quantification of [•OH]ss.  
For C12-BAC, 9% loss of the compound was seen in the direct photolysis control 
and 4% in the IPA quenched control. No apparent loss was exhibited in the dark control; 
in fact, a slight increase was observed possibly due to evaporation or variation in 
analytical reproducibility. The slopes for the direct (kdirect= (2 ± 1) × 10−3 h
-1) and IPA 
quenched (kIPA= (1.7 ± 0.3) × 10−3 h
-1) controls were within error. Estimating an indirect 
pseudo-first-order rate constant from the bimolecular reaction rate constant determined 
from H2O2 sensitizer experiments and the calculated [OH]ss from pCBA loss in MRW 
(Table 3-1) gives (2.7 ± 0.3) × 10−2 h-1, which is nearly identical to the overall rate 
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constant for C12-BAC degradation in MRW ((2.9 ± 0.4) × 10−2 h-1 (Table B-8)), 
reaffirming the loss seen in the MRW is due to reaction with •OH.   
For C14-BAC, a slight increase was observed in the direct control possibly from 
evaporation in the solar simulator or instrumental error in the measurements. The data in 
the direct, dark, and IPA quenched controls had consistent trends from 5 to 30 hours. 
While C14-BAC exhibited an average 14% and 18% decrease from the initial 
concentration in the dark and IPA quenched controls, respectively, the slopes 
(kdark= (3 ± 3) × 10−3 h
-1 and kIPA= (5 ± 3) × 10−3 h
-1) demonstrate negligible depletion 
in these controls compared to loss in MRW. The overall rate constant for C14-BAC 
degradation in MRW was kMRW= (2.8 ± 0.6) × 10−2 h
-1, which agrees with the estimated 
pseudo-first-order reaction rate constant for C14-BAC loss due to reaction with OH 
((2.9 ± 0.4) × 10−2 h-1). 
Photolysis proceeded faster in the presence of dissolved organic matter, indicating 
the importance of indirect photolysis (Table B-8). The addition of the radical inhibitor 
IPA reduced the photodegradation rates substantially in MRW for C12 (kIPA kMRW� = (6 ± 
1) × 10−2) and C14-BAC ( kIPA kMRW� = (1.6 ± 1.0) × 10
−2). The quencher results 
demonstrate that direct photochemical loss of BACs is likely to be relatively unimportant 
in natural systems and indicate that •OH produced is responsible for BAC loss.  
Analogous outdoor experiments were conducted in river water to verify the 
transferability of indoor photolysis results for the BACs. Figure 3-3. C and D show the 
time course of C12-BAC and C14-BAC concentrations in phosphate buffer and Mississippi 
River water in natural sunlight. Logarithmic plots of BAC versus actinometer loss 
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(Figure B-7) indicate that outdoor photolysis also follows pseudo-first-order kinetics. 
pCBA was again added to MRW tubes.  
The overall rate constant for C12-BAC degradation in MRW in natural sunlight 
was (2.2 ± 0.1) × 10−2 h-1. Estimating an indirect pseudo-first-order rate constant from 
the bimolecular reaction rate constant determined from H2O2 sensitizer and solar 
simulator river water experiments and the calculated [•OH]ss from pCBA loss in MRW 
(Table 3-1) gives (1.5 ± 0.1) × 10−2 h-1 and (1.5 ± 0.3) × 10−2 h-1, respectively. These 
estimates imply 67 to 71% of C12-BAC loss in MRW in the outdoor experiment could be 
attributable to reaction with •OH. IPA suppressed the reaction in river water substantially 






Figure 3-3. Photolysis of BACs with pCBA under simulated sunlight (C12: A, C14: B) or 
natural sunlight (C12: C, C14: D) in phosphate buffer (Direct, red squares), Mississippi 
River water (MRW, blue circles), MRW dark control (yellow triangle), MRW with 1% 
isopropanol (IPA, green upside down triangle). Indirect photochemical loss in river water 
is shown by purple diamonds (MRWcorr). Note the top x-axis for outdoor plots C and D 
showing the total duration of the experiment.  
 
For C14-BAC, the overall rate constant in MRW was 𝑘𝑘𝑁𝑁𝑅𝑅𝑀𝑀 =  (2.6 ±
 0.4)  ×  10−2 ℎ−1. The indirect pseudo-first-order rate constant estimates ((1.6 ± 0.3)× 
10−2 h-1 from H2O2 sensitizer and (1.6 ± 0.4) × 10−2 h-1 from solar simulator river water 
experiments) suggest 61 to 62% of C14-BAC loss in MRW in the outdoor experiment 
could be attributable to reaction with •OH. IPA suppressed the reaction in river water, 
though not completely ( kIPA kMRW� = (3 ± 2) × 10
−1).  At the end of the experiment, 
about an 18% decrease in C14-BAC concentration was seen in the quenched control and 
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27% in the direct control, though these losses are relatively minor compared to the losses 
in MRW over the same time period. 
Because the overlap between the absorption spectra of the BACs and the solar 
spectrum is small, direct photochemical loss is slow and DOM might screen light 
affecting transformation rates. Additionally, BACs are hydrolytically stable. Though all 
C12-BAC control slopes are relatively rather small and associated with proportionate error 
(kdirect= (6 ± 2) × 10−3 h
-1, kIPA= (2 ± 2)  × 10−3 h
-1, kdark = (8 ± 9) × 10−3 h-1), slight loss 
seems to be occurring in the MRW outdoors due to other abiotic and/or biotic 
mechanisms. The losses in C14-BAC are more pronounced. Slight thermal decay due to 
elevated temperatures outside, sorption to the walls of the test tube over the outdoor 
exposure period, and/or biodegradation could be occurring concomitantly with indirect 
photolysis to account for increased degradation in the controls.  
Outdoor experiments took approximately 9 days while solar exposure time was a 
little over a day in total to account for weather and sunshine hours on the rooftop. While 
the river water was filter-sterilized prior to use in experiments and test tubes were 
capped, no special protocols were used to maintain sterile conditions for the entirety of 
the experiment. Therefore, it cannot be ruled out that the difference in predicted rate 
constants due to OH and the observed rate constant is due to biodegradation because 
BACs are known to be susceptible to aerobic biodegradation.42,51,62,117,167 
The outdoor river water (MRW) rates were thusly corrected for concentration 
changes in the controls by equation 19.188  The indirect losses were plotted separately 
(MRWcorr in Figure 3-3C & D), and the pseudo-first-order rate constants from MRWcorr 
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were used to calculate bimolecular reaction rate constants with OH in the outdoor 
experiments (see below).  
 𝐷𝐷𝑅𝑅𝑀𝑀𝑝𝑝𝑛𝑛𝑎𝑎𝑎𝑎(𝑖𝑖) =  𝐷𝐷𝑅𝑅𝑀𝑀(𝑖𝑖)𝑖𝑖(−𝑘𝑘𝑛𝑛𝑜𝑜𝑠𝑠,𝑖𝑖𝑛𝑛𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑙𝑙 × 𝑎𝑎) (19) 
3.4.4 BZT direct photolysis in river water under simulated and natural light 
The degradation of BZT in MRW appeared to be a combination of direct and 
indirect photolysis (Figure 3-4A) in the solar simulator. Correcting the BZT 
concentration measured in MRW to account for the loss due to direct photolysis using 
equation 19 allowed for calculation of the indirect photolysis pseudo-first-order rate 
constant and for competition kinetics calculations. The indirect photolysis of BZT in river 
water was shown in Figure 3-4 by the plotted MRWcorr data. The probe pCBA was used 
to evaluate the oxidation of BZT by •OH, by addition to each MRW tube with BAC, 
allowing for competition kinetics and quantification of [•OH]ss.   
The BZT direct photolysis quantum yield from solar simulator experiments was 
determined using equation 18 and the photon fluence of the solar simulator determined 
from actinometry and the photon irradiance provided by the manufacturer (spectral flux, 
I0= 5.4 Es L-1 s-1). Figure B-8 shows the logarithmic plot of BZT direct photolysis (from 
both the IPA quenched and direct controls) versus the PNAP actinometer. The slope of 
the line determined by linear regression (1.18 for IPA vs PNAP and 1.11 for Direct vs 









). There is good agreement 
between the two estimates, demonstrating that the decrease of BZT seen in the IPA 
quenched control is due to direct photolysis and not any other process.    
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Outdoor experiments were carried out to compare data generated under simulated 
sunlight with natural sunlight and to verify the BZT quantum yield obtained in the 
laboratory because quantum yield calculations are sensitive to irradiance values. For BZT 
sunlight experiments (Figure 3-4B), BZT loss exhibited pseudo-first-order kinetics in 
river  
 
Figure 3-4. Photolysis of BZT with pCBA under simulated sunlight (A) or natural 
sunlight (B) in phosphate buffer (Direct, red squares), Mississippi River water (MRW, 
blue circles), MRW dark control (yellow triangle), MRW with 1% isopropanol (IPA, 
green upside down triangle). Indirect photochemical loss in river water is shown by 
purple diamonds (MRWcorr). Note the top x-axis for outdoor plot B showing the total 
duration of the experiment. 
 
water as seen in logarithmic plots for QAC photolysis versus actinometer loss (Figure B-
7). As with the solar simulator experiment, pCBA was simultaneously irradiated in the 
MRW tubes.  
The slopes of linear regressions for the BZT quenched and direct photolysis 
controls were identical within error due to overlapping confidence intervals. The data 
points were subsequently combined and fitted using a linear fit of concatenated data in 
Figure B-8, which shows the logarithmic plot of BZT direct photolysis versus 
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actinometer loss. The direct photolysis quantum yield, ΦBZT,outdoor, was determined to be 
1.7 × 10
-2
  (mol Ei
-1
) using equation 18, the slope of 0.21 from Figure B-8, and the 
average global tilted irradiance over the timecourse of the rooftop exposures from 
SMARTS. The discrepancy in calculated quantum yields and half-lives can be explained 
by the fact that, as has been reported previously,100 though the Xe lamp has a filter that 
prevents the transmission of wavelengths below 290 nm, there is bleed of wavelengths 
<290 nm, which introduces systematic error. This error is important for QACs like BZT 
which absorb weakly above 290 nm and thus direct photolysis rates are over-
emphasized.76 In the terrestrial aquatic environment, direct photolysis occurs for 
chemicals that absorb photons at wavelengths ≥ 290 nm because the upper atmosphere 
screens out solar irradiance at shorter wavelengths. Despite errors introduced by the solar 
simulator and differences in quantum yields due to spectral overlap, direct photolysis of 
BZT would still occur in the environment, but the quantum yield determined in sunlight 
should be used in calculation of predicted half-life.       
3.4.5 Second-order rate constants with •OH in river water 
Because pCBA was included in the river water experiments, competition kinetics 
can be used to determine the second order rate constant with •OH to test for any effect of 
the matrix or light source by comparing the results to those measured with H2O2. Figure 
3-5 shows the competitive oxidation of the QACs by •OH in MRW under simulated and 
natural sunlight corrected for losses not due to indirect photolysis. As with the •OH 
sensitizer experiments, BZT, C12-BAC, and C14-BAC react with •OH in the river water at 
or near diffusion controlled rates (Table 3-1). Association with dissolved organic matter 
did not significantly influence the photochemical transformation rates of QACs with •OH 
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based on the similarity of the values (within 10%) to those determined using H2O2 as a 
sensitizer. 
  
Figure 3-5. Log-concentrations of QACs versus para-chlorobenzoic acid from solar 
simulator (solid symbols) and natural sunlight (open symbols) irradiation experiments in 
MRW. QAC concentrations are corrected to only reflect indirect photochemical loss due 
to •OH. Solid and dashed lines represent linear regressions for solar simulator and natural 
sunlight experiments, respectively.  
 
 The outdoor experimental data overlays the indoor results in river water 
demonstrating that simulated sunlight experiments serve as good proxies for 
understanding the photochemical behavior of QACs in surface waters with respect to 
reaction with •OH. All calculated bimolecular reaction rate constants (Table 3-1) are 
within the 95% confidence intervals for the 3 sets of experiments serving as robust 
validation of the values. Due to the overlap of the indoor and outdoor results, we can be 
reasonably assured in our assumptions about the outdoor experimental data and that the 
indirect photolysis estimates are correct. Figure 3-5 reaffirms that the photochemical fate 
of QACs in the environment will be highly dependent on •OH generation in natural 
waters.  
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3.4.6 Calculated half-lives in surface waters 
 The relative contributions of indirect and direct photolysis were evaluated by 
comparison of pseudo-first-order rate constants from experiments with river and ultrapure 
water under simulated and natural sunlight. For most of the QACs studied, direct 
photolysis under environmental conditions is either slow or nonexistent. Only BZT 
exhibited appreciable direct photochemical degradation. Direct photolysis half-lives for 
BZT were estimated to be 5.4 - 5.7 days under simulated sunlight and 20.6 days in 
natural sunlight using a direct photolysis rate constant calculated using the solar spectra 
modeled by SMARTS (Figure B-1). While the reaction between QACs and •OH is 
diffusion controlled, QAC degradation via this process will be relatively slow in the 
environment. Bimolecular reaction rate constants with •OH were used to estimate half-
lives of the tested QACs in sunlit surface waters using equation 20 and assuming an 
[•OH]ss of 1 × 10-16 M on average over 7 hours of daily sunshine.82 Maximum near-
surface steady-state •OH concentrations range from 10-17 to 10-15 M in sunlit surface 
waters depending on concentrations of photoproducing and scavenging species, latitude, 
and time of year.73,77,97 The half-lives of QACs in the photic zone presented in Table 3-2 
reflect a lower bound (minimum persistence) because they are estimated based on 
conditions in which average maximum rates of ·OH photoproduction occur in the photic 
zone of a water body at midday during the summertime.  




Because BZT is susceptible to both indirect and direct photolysis under relevant 
environmental conditions, the half-life of BZT in river water is estimated by 
extrapolating the experimental results for BZT and using the overall pseudo-first-order 
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rate constant for photolytic loss (equation 21), where kc (Appendix B equation 26) is the 
direct photolysis pseudo-first-order rate constant of BZT in river water under natural 
sunlight.  
 𝑘𝑘𝑛𝑛𝑜𝑜𝑠𝑠,𝑝𝑝𝐵𝐵𝐵𝐵 =  𝑘𝑘∙𝑂𝑂𝑂𝑂,𝑝𝑝𝐵𝐵𝐵𝐵  ×  [∙ 𝑂𝑂𝑂𝑂]𝑠𝑠𝑠𝑠  +  𝑘𝑘𝑐𝑐 (21) 
While QACs demonstrate shorter lifetimes compared to ionic liquid cations,82 they 
still have half-lives on the order of weeks to months, highlighting their slow photochemical 
transformation in rivers and lakes, and their persistence in the aquatic environment. Results 
and half-life estimates were consistent for outdoor and indoor river water photolysis 
experiments as well as for H2O2 sensitizer experiments, reiterating the importance of ·OH 
over other PPRIs in the fate of QACs in surface waters.  
Table 3-2. Estimated QAC half-lives in surface water in H2O2 
sensitizer, simulated sunlight (indoor) river water, and natural 




t1/2 (days) c  
river water indoor 
t1/2 (days) c 
river water outdoor 
C12-BAC 26 ± 2 24 ± 4 24 ± 2 
C14-BAC 23 ± 3 24 ± 5 23 ± 6 
BZT 26 ± 1 12 ± 1 12 ± 2 
ATMA 27 ± 4   
DADMA 94 ± 32   
aErrors represent 95% confidence intervals 
bCalculated assuming 7 hours of sunshine per day 
cBZT t1/2 including direct photolysis + OH 
 
3.5 Conclusions 
 The current study elucidates the photochemical fate of QACs in surface waters. 
For most of the QACs evaluated, indirect photolysis is more important than direct 
photolysis under simulated and natural sunlight. Through model sensitizer and quencher 
experiments, it is clear that all QACs studied will react predominantly with •OH produced 
in natural waters despite variations in structure, such as side-chain length and presence of 
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aromatic rings. In waters with low steady-state •OH concentrations and deeper in the 
water column, rates of reaction between QACs and •OH will be substantially slower and 
thus QAC lifetimes will be longer. The results of this study contribute to a more holistic 
and systematic evaluation of the fate of QACs in near-surface waters as well as the 
potential for their attenuation in the environment. Reported half-lives and rate constants 
can be used in future models to predict the fate of QACs in the environment, which could 
inform risk assessments and regulatory decisions on biocide usage given growing public 
health concern over the proliferation of antibiotic resistant bacteria in the environment. 
Additionally, the hydroxyl radical reaction data could be applied to assessing the removal 
of QACs during advanced oxidation treatment.  
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Chapter 4. Biotransformation of Quaternary Ammonium Compounds in River 
Water 
4.1 Preface 
The biotransformation of a sub-inhibitory mixture of quaternary ammonium 
compounds (QACs) was investigated, along with the impact that these compounds had on 
a subset of a native river water microbial population. The ability of short term, low-level 
exposures of QACs to increase the number of antibiotic resistance genes present or cause 
substantial microbial community compositional changes was specifically investigated. 
Environmentally relevant concentrations of QACs (e.g., 1 - 40 μg/L) were transformed 
over the course of multiple exposures, possibly via metabolic processes despite low 
concentrations and methanol addition. There was neither a statistically significant nor 
lasting impact of QAC exposure on the presence of antibiotic resistance genes when 
comparing river water microcosms amended with a QAC mixture and microcosms to 
which no QACs were added. Exposure to the QAC mixture did cause compositional 
changes in the community, though it was unclear whether this was the result of exposure 
to the QACs themselves or if methanol amended with the QACs caused these changes.   
4.2 Introduction 
Quaternary ammonium compounds (QACs) are one of the most extensively used 
classes of biocides, disinfectants, sanitizers, antimicrobials, and cleaners.22–24,189 Because 
of their broad-spectrum antimicrobial properties against bacteria, fungi, and viruses, 
QACs are applied in household, food-processing, agriculture, and clinical settings to 
control the spread of environmentally transmitted pathogens.189,190 QACs like BACs, 
ATMACs, and DADMACs are designated by the U.S. Environmental Protection Agency 
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and the Organization for Economic Cooperation and Development as high production 
volume chemicals (≥1 million pounds per year imported or manufactured). 
QACs are organic chemicals that contain a positively charged quaternary nitrogen 
atom covalently bonded to four carbon-containing substituents, which can include at least 
one hydrophobic hydrocarbon chain and other alkyl groups that tend to be mostly short-
chain substituents such as methyl or benzyl functional groups.22,30 The three major 
classes of QACs are: benzylalkyl dimethyl ammonium compounds (BACs), 
alkyltrimethyl ammonium compounds (ATMACs), and dialkyldimethyl ammonium 
compounds (DADMACs).  BACs, ATMACs, and DADMACs are typically formulated 
as homologue mixtures with alkyl chain lengths ranging from 10 to 20 carbon atoms. C8 
to C18 DADMACs, C12 to C18 ATMACs, and C12 to C18 BACs are most frequently 
detected in the environment.27,48,160,161 QACs are classified based on the carbon-
containing substituents. The carbon chain influences the antimicrobial activity of QACs 
against certain microorganisms.189 Generally, alkyl chain lengths of C12 to C16 exhibit 
greater antimicrobial activity, and twin-chained compounds such as DADMACs 
demonstrate better bioactivity towards some Gram-positive bacteria compared to 
BACs.54,189 Due to their amphiphilic nature, QACs act as detergents or surface-active 
agents against microorganisms, targeting and breaking apart the bacterial cell 
membrane.54 These compounds are algistatic and bacteriostatic at concentrations ranging 
from 0.5 to 5 mg L-1 and microbiocidal at concentrations of 10 to 50 mg L-1.189 
QAC degradation has been explored more thoroughly in the context of 
wastewater treatment using inoculums from activated sludge, digester solids, and 
wastewater effluent.25,29,40,50,67,166,191 Studies on degradation mechanisms in enrichment 
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cultures from sediment and soil have also been performed.51,53,55,62 Some of these 
previous studies have relied on enrichment (QAC as sole carbon and energy source) by 
feeding QAC concentrations higher than what might be regularly detected in the aquatic 
environment. 53,62,117 From these studies, QAC-resistant bacteria capable of degrading the 
compounds have been isolated. Bacterial species have been identified that degrade 
QACs, using them as an energy source, eventually mineralizing them to carbon 
dioxide.24,54 Biotransformation pathways have also been identified for several QACs by 
bacterial isolates. These include strains of Pseudomonas, Xanthomonas, Aeromonas, 
Stenetrophomonas, and Achromobacter.52,53,167,168,192 A few studies have reported the 
microbial degradation of BAC by several pure cultures (Pseudomonas strains such as P. 
nitroreducens and Aeromonas hydrophila and Bacillus niabensis) through dealkylation to 
benzyldimethylamine by amine oxidase and related enzymes.54 Other identified enzymes 
include tetradecyl trimethyl ammonium bromide monooxygenase, a Rieske-type 
oxygenase oxyBAC, as well as three genes encoding oxygenases that metabolize 
naturally occurring QACs.167 Nevertheless, rates can vary from hours to months and 
depend on factors such as QAC structure, concentration, and microbial 
acclimation.51,62,167,168 Results from some of these studies suggest that biodegradation 
rates decrease with increasing hydrophobic alkyl chain length. Aerobic biodegradation of 
QACs in surface waters has been demonstrated in comparatively fewer bench-scale 
studies.193 The data indicate that QACs with a benzyl group do not biodegrade as well 
and degradation of ATMACs and BACs occurred over 5 - 10 days in seawater.  
Published research suggests exposure to biocides like QACs exerts selective 
pressure on microbes, increasing resistance to QACs and antibiotics.53,171,173,174,194 This 
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previous research has linked QAC exposure to the enrichment of QAC-resistance genes, 
antibiotic resistance genes, and class 1 integrons in the environment as well as during 
treatment. Clinically relevant microorganisms have been found to develop either 
tolerance or resistance to QACs and widespread use of biocides could co-select for 
antibiotic resistance genes and promote spread of multi-drug-resistant plasmids.189 
Antibiotic resistance is a major public health concern.58   
This study examines the microbial degradation of a low concentration mixture of 
QACs at environmentally relevant concentrations49,165 in surface water as well as 
potential impacts of the QACs on the microbial community and genes due to exposure to 
these minute QAC concentrations through high-throughput sequencing and real-time 
quantitative polymerase chain reaction (qPCR). Though aerobic degradation of QACs has 
been explored previously, research tended to focus on the fate and impact of QACs in 
wastewater treatment processes rather than in natural environments.29,40,50,115,168,170,195–197 
When studied in the environment, research on QAC degradation has centered on the 
enrichment and identification of specific QAC-degrading microorganisms that utilize 
QACs as their carbon and energy sources42,51,53,62,117 with the QAC concentrations 
investigated in many of the aforementioned studies higher (mg/L range) than what has 
typically been observed in surface waters (not directly downstream of industrial effluent 
discharge). The research presented herein investigated a mixture of commonly used QAC 
classes at environmentally relevant concentrations and the impact of these chemicals on a 
subset of a native river water microbial population. Because some of the previous work 
on microbial community impact and antibiotic resistance proliferation involved 
enrichment in soil, sediment, or sewage (focused primarily on BACs) and used sub-
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inhibitory concentrations that were higher than those in surface waters, this study also 
considered whether short term, lower-level exposures resulted in an increase in antibiotic 
resistance genes or in substantial microbial community compositional changes to 
compare with studies evaluating the effects of a range of concentrations, differing 
microbial community origins, and/or single QAC classes.53,56,198 To probe the potential 
for antibiotic resistance development due to repeated amendments of very low QAC 
concentrations, several antibiotic resistance genes that encode for resistance to specific 
antibiotics were measured, specifically widely used sulfonamide, tetracycline, and beta-
lactam antibiotics.    
4.2 Materials and methods 
4.2.1 Chemicals and reagents 
The QACs used in this study were: benzyldimethyl-n-dodecylammonium chloride 
(C12-BAC, 98%, Alfa Aesar), didodecyldimethylammonium bromide (C12-DADMA, 
99.9%, Santa Cruz Biotechnology), didodecyltrimethyl ammonium bromide (C12-ATMA, 
99%, Acros Organics). Sodium azide (2.5 g/L) was used to deactivate microbial 
metabolism in abiotic controls.199 Experimental aqueous stocks, solutions, and buffers 
were prepared using ultrapure water (resistivity 18.2 MΩ-cm, EMD Millipore Corp.). 
QAC stock and standard solutions for high-pressure liquid chromatography tandem mass 
spectrometry analysis were prepared in methanol or acetonitrile and unbuffered ultrapure 
water.  
4.2.2 Water collection and processing 
Mississippi River water was collected in clean (soaked in Alconox overnight and 
rinsed 3× with tap water, deionized water, and ultrapure water), combusted (550 °C for 5 
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hours) flint glass gallon jugs at Saint Anthony Falls Laboratory around 10:00 AM on 
November 8, 2018 (average Mississippi River water temperature recorded as 41 °F at 
Lock and Dam 02 by US Army Corps of Engineers). The river water was immediately 
vacuum filtered in the lab through 0.7 μm combusted glass fiber filters to remove larger 
solids.  
Dissolved organic carbon (DOC), as non-purgeable organic carbon, was measured 
with a Shimadzu TOC-L total organic carbon analyzer. Calibration curves were generated 
using potassium hydrogen phthalate. River water pH was measured using a calibrated 
Thermo Orion pH probe and Thermo Orion DUAL STAR pH/ISE meter (pH 4, 7, and 10 
standard solutions from BDH VWR Analytical). Anions were measured by ion 
chromatography using a Metrohm Compact ion chromatograph. Combined standards 
made with sodium salts were also run to generate calibration curves. 
4.2.3 Microcosm set-up  
All microcosms were prepared in quadruplicate. Erlenmeyer flasks were autoclaved 
to sterilize prior to use. An autoclaved graduated cylinder was used to aseptically apportion 
495 mL of river water into the sterile control reactors. Sodium azide, which is a strong 
respiratory inhibitor, was dosed into abiotic sterile controls (SQ) to inactivate the 
microorganisms in the reactor. Sterile controls were used to measure abiotic degradation. 
For the amended biotic (AQ) and ambient bottle control (BC) reactors, 500 mL of river 
water was dispensed into the flasks. The ambient bottle controls, with no QAC addition, 
were used as baseline blanks and to account for the effect of laboratory conditions on the 
microbial community. QACs were added to amended and sterile reactors from a 
concentrated methanol (first and second amendments) and then aqueous stock solution 
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(third amendment) to achieve a concentration of 50 nM each in the reactors. Concentrations 
were based on QAC concentrations measured in surface waters and treated wastewater 
effluent and reported bacterial minimum inhibitory concentrations (MICs) and critical 
micelle concentrations (CMCs).24 Flasks were capped with autoclaved foam plugs and 
stirred continuously on a magnetic stir plate. The microcosms were incubated aerobically 
at room temperature (22.7 ± 0.4 °C). Amended biotic and sterile or abiotic microcosms 
were periodically sampled by uncapping the flasks and collecting 900 µL of the well-mixed 
contents using autoclaved 1 mL pipette tips and dispensing into amber HPLC vials with 
100 µL of internal standard in acetonitrile. The internal standard mixture was prepared in 
acetonitrile to act as a preservative for storage of refrigerated microcosm samples before 
liquid chromatography tandem mass spectrometry (LC-MS/MS) analysis.  
The reactors were sampled for LC-MS/MS analysis prior to the first QAC 
amendment to determine a baseline QAC concentration, if any, in the river water and 
directly after dosing (Day 0). The amended biotic reactors were sampled at least once a 
day for the 7 days following QAC amendment.  
Samples (25 mL) were collected for microbial analysis using autoclaved pipette 
tips on Days 0, 8, 27, 62, and 63 from amended biotic and bottle control reactors. The biotic 
microcosms were amended two additional times with an aqueous QAC stock solution, after 
affording ample time for complete degradation, on Days 18 (~53.4 nM each) and 38 (~57.1 
nM each or 15.1 μg/L C-12 ATMA, 19.4 μg/L C-12 BAC, 26.4 μg/L C-12 DADMA). Only 
one 1 mL aliquot of 25 μM concentrated QAC stock was added to the sterile control 
microcosms on Day 0.  
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4.2.4 Analytical method 
C12-ATMA, C12-BAC, and C12-DADMA were quantified on a Thermo Dionex 
UltiMate 3000 RSLCnano system equipped with a Thermo TSQ Vantage triple 
quadrupole tandem mass spectrometer in positive electrospray ionization mode at the 
University of Minnesota Masonic Cancer Center under the following parameters: heated 
electrospray ionization, spray voltage of 2.6 kV, vaporizer temperature 250 °C, sheath 
gas pressure of 25 psi, aux gas pressure of 20 psi, capillary temperature of 300 °C, SRM 
scan width (m/z) of 0.1 and scan time (s) of 0.25. Separation was performed on a Waters 
XSelect CSH C18 (3.5 μm, 130 Å, 50×2.1mm) column. Flow rate was maintained at 250 
μL/min, sample temperature was 10 °C, the column was kept at room temperature, and 4 
μL was injected on the column. Isocratic methods 10 min in duration of mobile phases A: 
2 mM ammonium acetate with 0.1% formic acid in water, B: 0.1% formic acid in 
acetonitrile, and C: isopropanol were used (65% A, 20% B, and 15% C for C12-ATMA; 
60% A, 20% B, and 20% C for C12-BAC; and 37% A, 33% B, and 30% C for C12-
DADMA). Flow was diverted to waste from 0 to 4.5 minutes. For C12-ATMA the m/z 
values monitored were 228.26 and 60.15 and the retention time was 6.62 – 7.54 min, for 
C12-BAC they were 256.28, 60.14, 6.02 – 7.15 min, and for C12-DADMA they were 
382.44, 214.28, and 6.14 – 7.22 min. Tetraoctylammonium bromide (C8-TAA, 98%, 
Sigma Aldrich), tetrapentylammonium bromide (C5-TAA, 99%, Sigma Aldrich), and 
tetradecyltrimethylammonium bromide (C14-ATMA, 99%, Acros Organics) in 
acetonitrile were used as internal standards for LC-MS/MS. 
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4.2.5 Microbial community analysis 
DNA extraction. The 25 mL samples collected from the QAC-amended and 
bottle control microcosms with sterile pipettes were immediately vacuum filtered using 
autoclaved cellulose nitrate filters (diameter = 47 mm, pore size = 0.2 μm; GE Whatman) 
to concentrate biomass. Autoclaved ultrapure water was used to wet the filters prior to 
sample addition. Filters were cut or folded with sterile scissors and tweezers and directly 
immersed in microcentrifuge tubes containing 0.5 mL of Cell Lysis Solution for Tissues 
and Cells (CLS-TC lysis buffer; MP Biomedicals). Filters were stored at -20 °C to 
preserve samples until genomic DNA extraction and purification. Three consecutive 
freeze-thaw cycles were performed followed by a 90-min incubation at 70 °C for cell 
lysis. DNA was extracted from the filters and purified using a FastDNA SPIN Kit (MP 
Biomedicals) and stored at -20 °C until DNA was used for qPCR and sequencing. 
qPCR. Real-time quantitative qPCR was used to detect and quantify genes of 
interest: the 16S rRNA gene for Bacteria as a measure of total bacterial biomass 
abundance, the qacF gene for QAC resistance, and a suite of antibiotic resistance (ARG) 
or integron genes. The blaOXA, mexB, sul1, and tetA genes encode for β-lactam resistance, 
a multidrug efflux pump, sulfonamide, and tetracycline resistance, respectively. The 
intI1, intI2, intI3 genes encode class 1, 2, and 3 integron integrases, respectively. 
Integrons are mobile genetic elements associated with the spread of antibiotic 
resistance.172  Sample qPCR primers and methodology were as described by Sandberg et 
al. (2018).200 The number of gene copies in each sample was determined with serially 
diluted standards of concentration range 108 to 101 gene copies μL-1 for qacF, ARGs, or 
integrons (R2 ≥ 0.999). The number of gene copies in each sample was determined with a 
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serially diluted standard curve of concentration ranges 109 to 102 gene copies L-1 for the 
16S rRNA gene (R2 = 0.997). Standards for qPCR were purchased as gBlocks from 
Integrated DNA Technologies. The qPCR mixture for all primer sets contained 2 μL 
undiluted template DNA, 1 μL bovine serum albumin (BSA), 10 μL SsoFast EvaGreen 
Supermix with Low ROX, 0.08 μL of 100 μM forward primer and 0.04 μL of 100 μM 
reverse primer, and 6.9 μL PCR H2O per reaction. Amplification curves were visually 
inspected for PCR inhibition and compared between standards and samples to ensure 
amplification with similar efficiency (96.6 ± 4.3%). Melt curves were analyzed to ensure 
the absence of primer-dimer and non-specific amplification. The censoring limit was 
defined as the lowest standard for a given qPCR assay that amplified (100 copies per μL 
for 16S rRNA gene, 10 copies per μL for qacF , ARGs, and integrons) normalized by 
filtrate volume (0.25 L) of the microcosm water sample used for DNA extraction.  
High-throughput 16S rRNA gene sequencing. Illumina MiSeq paired end 
sequencing (2 × 300 bp) was completed on the V5-V6 region of the 16S rRNA gene for 
bacterial community analysis. The University of Minnesota Genomics Center (UMGC) 
performed amplification and sequencing using UMGC 16S primers targeting the V5V6 
region on an Illumina MiSeq platform.201 Sequence reads were demultiplexed, trimmed, 
and filtered using QIIME2 version 2018.2. Amplicon sequence variants (ASVs) were 
determined using DADA2202,203 and then assigned consensus taxonomy using the SILVA 
132 rRNA database.204 
Both alpha (Shannon, Simpson, Chao1, and Observed ASVs) and beta diversity 
(Bray-Curtis and Weighted UniFrac distance matrices) were computed using QIIME2 
(pipeline: core-metrics-phylpenetic) after sequence libraries were randomly trimmed 
 90 
down to 35,000 sequences per profile. Principal coordinate analysis (PCoA) plots were 
created to visualize the community dissimilarity using the cmdscale command in R 
(version 3.6.2). 
 Statistical analyses. For qPCR data, statistical tests were performed on log-
transformed 16S rRNA gene, ARG, and integron quantities using R.205 Two-sided t-tests 
(95% confidence level) were conducted to assess differences between amended and bottle 
control microcosms on specific days. Histograms and QQ plots were generated to assess 
the reasonableness of assumptions that the data represented a random sampling from a 
Normal distribution prior to proceeding with two independent samples t-test analysis. T-
tests were used due to the unbalanced nature of the data because replicates ranged from 3 
to 4. One-way analysis of variance (ANOVA), however, was also performed using the 
aov function in R and these results agreed with the t-tests. For many ARGs and integrons, 
measurements were consistently left-censored (below the censoring limit or limit of 
quantification of 4 log copies/L). When censored data was present, hypothesis testing was 
performed using a generalized Wilcoxon rank sum test (nonparametric Peto-Prentice 
score test) using the cendiff function in the “NADA” package in R on log10-transformed 
gene quantities to determine statistically significant differences between groups. 
For microbial community data, Mantel tests were used to test statistically 
significant effects of experimental conditions and variables on microbial community 
structure through matrix correlation between two dissimilarity matrices (beta diversity 
matrices and Euclidean matrices of experimental factors). The tests were conducted using 
the mantel function in the “vegan” R package and Mantel statistics based on Spearman’s 
rank correlation rho (999 permutations). Permutational multivariate analysis of variance 
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(PERMANOVA) tests (999 permutations) were performed using the adonis function in 
“vegan” to determine if there was a statistically significant difference in sample groups.  
4.3 Results and Discussion 
4.3.1 QAC Degradation Over Time  
 Figure 4-1 shows the relative QAC concentration over time and sequential spikes 
in amended biotic and abiotic (or sterile) microcosms. Concentrations measured in the 
river water prior to amendment were below the limit of detection (2 nM for ATMA, 1 nM 
for BAC, and 7 – 9 nM for DADMA). After the first amendment with the methanol 
stock, a lag phase of one to two days was observed before QAC loss commenced. Abiotic 
losses appeared to be negligible while clear biotic degradation was observed. For 
DADMA and BAC, scatter was observed in the sterile control results due to analytical 
variability. Despite this, there is no clear trend of QAC loss on the time scale that 
degradation is seen in the biotic microcosms. At day 7, average biotic removal was 84% 
for BAC, 73% for ATMA, and 56% for DADMA. For the sequential amendments, a 
similar trend of biodegradation rates of BAC > ATMA > DADMA was observed, and 
degradation occurred more quickly in the second and third amendments compared to the 
first amendment. The methanol in the QAC spike perhaps had a stimulating effect on the 




Figure 4-1. Relative QAC concentration over time after sequential amendments for A) 
C12-BAC, B) C12-ATMA, and C) C12-DADMA in amended biotic and sterile (abiotic) 





Figure 4-1 continued. Relative QAC concentration over time after sequential 
amendments for A) C12-BAC, B) C12-ATMA, and C) C12-DADMA in amended biotic 
and sterile (abiotic) microcosms. Error bars represent one standard deviation of replicates 
(n = 3 - 4).  
 
4.3.2 qPCR 
 Results from qPCR analysis for 16S rRNA genes are shown in Figure 4-2. The 
abundance of 16S rRNA genes was determined in river water prior to QAC amendment 
(Day 0) to range from 2.3 × 106 to 1.8 × 107 gene copies/L. Eight days after the first QAC 
amendment, a significant increase in bacterial biomass was observed in the amended 
biotic microcosms (AQ) compared to the river water at day 0 (p-value = 0.02), but not in 
the ambient bottle control (BC; p-value = 0.17). Based on a two-sided t-test, the results 
for AQ and BC were statistically different (p-value = 1.8×10-3) from each other at Day 8. 
This is likely to be a result of the addition of methanol into the amended microcosms with 
the first spike from the QAC stock. It was determined that 1.8 mg/L of C was added to 
the microcosms from the methanol, compared to 0.4 mg/L of C added from the QACs. 
The differential between the ambient river water temperature when it was collected and 
the microcosm operational temperature, however, might have also influenced the increase 
in bacterial biomass. At 27 days (after the second QAC amendment at 18 days), there was 
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no statistically significant difference between 16S rRNA log10 gene copies/L in the 
amended and control microcosms (p-value = 0.24) despite another methanol addition 
with the second QAC spike. A third QAC amendment (from aqueous stock) occurred at 
39 days and final biological sampling occurred at 62 and 63 days for BC and AQ, 
respectively, at which time there was a statistically significant difference in the number of 
16S rRNA log10 gene copies/L between the two treatments (p-value = 0.03). The 
amended microcosms saw a lasting increase in biomass quantity compared to the initial 
value (p-value = 0.04); this was not the case for the BC treatments where the number of 
16S rRNA genes were statistically similar on Day 62 versus Day 0 (p-value = 0.17). 
Overall, there was a significant difference at Day 8 and 62 between AQ and BC. It is 
possible the addition of methanol as opposed to the presence of QACs altered the 
bacterial biomass in the microcosms, in particular at Day 8 after the initial spike.  The 
fact there was not a statistical difference between the microcosms on Day 27 suggests 
that the microbial community rebounded or did not experience lasting changes from the 
methanol and QAC addition and that laboratory conditions also promoted concurrent 
changes in the community.  
The antibiotic resistance genes analyzed were: sul1, a specific antibiotic 
resistance gene that encodes for resistance to sulfonamide antibiotics; tet(A), one specific 
gene of the generic tet class of antibiotic resistance genes that encode for resistance to 
tetracycline; blaOXA, which encodes for β-lactamase and metallo-β-lactamase associated 
with penicillin resistance. Additionally, a gene encoding a multi drug efflux pump, mexB, 
and qacF, a homologue of QAC resistance genes which belongs to the multidrug 
resistance family found on class 1 integrons, were analyzed. Integrons are genetic 
 95 
elements that facilitate the integration, expression, and exchange of DNA. Integrons like 
transposons and plasmids are considered mobile genetic elements, which encode 
enzymes or other proteins to facilitate spread of genetic material between bacteria. 
Integrons are not antibiotic resistance genes, but class 1 integron, for example, is 
commonly found in polluted environments and shows a positive correlation with ARGs. 
Figure 4-2, panels B-I, show the quantity of gene copies per volume for qacF, the ARGs, 
and the integron-integrase genes. Two ARGs (blaOXA and tetA) and two integrons (intI1 
and intI3) were detected in the microcosms in most sampling events; the other genes were 
either detected at quantities below censoring limits or not detectable. There was a 
statistically significant difference between the AQ versus BC treatments for blaOXA gene 
copies at Day 27 (p-value = 0.01), tetA gene copies at Day 8 (p-value = 0.03), and intI1 




Figure 4-2. Abundance of 16S rRNA gene copies (A) and antibiotic and qac resistance 
gene copies (B – I) over time in initial river water samples (, 0), QAC amended 
microcosms (, AQ), and bottle controls (, BC). The dashed line in plots B – I 
indicates the censoring limit. Non-detects are not displayed.   
 
Relative abundance results (i.e., the normalized quantity of genes to 16S rRNA 
gene copy numbers) are shown in Figure 4-3 and reveal little differentiation between the 
relative numbers of these genes in AQ versus BC microcosms over time. This indicates 
that the community does not seem to be acquiring resistance. The presence of QACs is 
not enriching or conferring negative function on the community or the response is limited 
and transitory. Rather, the increases seen in abundance of these genes trend with growth 
of the community as a whole possibly due to the methanol addition. The growth seen in 
the microcosms could be because of the methanol addition, which might have a 
protective effect on at least some organisms with respect to conferring and transferring 
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antibiotic resistance. Microorganisms in high growth mode would be under less stress 
and thus less likely to pick up antibiotic resistance genes. The impact of QACs under 
nutrient limited or stressed conditions might lead to different results. 
 
 
Figure 4-3. Relative abundance of antibiotic and QAC resistance gene copies over time 
in initial river water samples (, 0), QAC amended microcosms (, AQ), and bottle 
controls (, BC). Non-detects are not displayed.   
 
4.3.3 Microbial Community Changes 
The taxonomy of the river water population in the AQ and BC microcosms is 
shown in Appendix C. Different richness and evenness alpha diversity metrics were used 
to compare the AQ and BC microcosms over time (Figure 4-4). Richness – measured by 
Shannon, Observed ASVs, and Chao1 – noticeably decreased after QAC amendment, 
though the difference is less apparent for Simpson. The decrease in alpha diversity for 
AQ and increase for BC at Day 8 were statistically significant from Day 0 only for 
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Shannon (p-value = 0.05 and p-value = 0.01, respectively) based on a two-sided t-test. 
Richness and evenness in the amended microcosms was consistently lower than the 
control over the course of sequential amendments (in particular Shannon Day 8, p-value 
= 0.001; Chao1 Day 8, p-value = 0.02; Chao1 Day 27, p-value = 0.004; Observed ASV 
Day 8, p-value = 0.02; Observed ASV Day 27, p-value = 0.004) and the experimental 
duration, though both saw an increase over time. At the end of the experiment, however, 
the diversity differences are largely erased, which suggests acclimation. The control 
microcosms maintained higher richness when looking at the Observed ASV metric, 
which focuses on unique ASVs, and Chao1, which focuses on rare ASVs. The differences 
seen in alpha diversity between the microcosms are consistent with the methanol addition 
from QAC amendment – the methanol most likely enriched certain microorganisms 
within the sub-population, accounting for the decrease in alpha diversity in AQ compared 
to BC after the first and second spikes. The temporal shift in richness, as indicated by 
Shannon, for both AQ and BC at the end is also suggestive of the influence of lab 
conditions on both microcosms and eventual depletion and limitation of nutrients. 





Figure 4-4. Alpha diversity measurements over sampling time. Richness and evenness 
alpha diversity metrics comparing QAC amended (AQ) and bottle control (BC) 




 Beta diversity was calculated using weighted Bray-Curtis and Weighted UniFrac 
distance matrices. Data was ordinated using a Principal Coordinate Analysis (PCoA) 
(Figure 4-5 and Figure 4-6). Clustering by PCo 1 explains 51.7% variation in the 
microbial community for Weighted UniFrac and 22.5% for Bray-Curtis. Clustering by 
PCo 2 explains 17.2 % (Weighted UniFrac) and 18.2% (Bray-Curtis) while clustering by 
PCo 3 explains 10.7% (Weighted UniFrac) and 12.2% (Bray-Curtis) variation. There was 
visible clustering by microcosm (or “Reactor”) type and day. Based on a Mantel tests for 
amended (AQ) microcosms, temperature, QAC amendment concentration, and time were 
statistically significant drivers with concentration and day having higher Spearman’s rank 
correlation coefficients (Table 4-1), suggesting these factors account for much of the 
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microbial community variance. The PCoA plots show a clear temporal variation in 
community composition. The effect of QAC amendment was also significant. Weighted 
UniFrac and Bray-Curtis, however, point to different conclusions. The separation 
between AQ and BC was clear in the Bray-Curtis PCoA but not evident in the Weighted 
UniFrac PCoA.  
 
 
Figure 4-5. Principal coordinate analysis (PCoA) plot of microbial community changes 
over time in QAC-amended biotic and ambient bottle control microcosms. Bray-Curtis 








Figure 4-6. Principal coordinate analysis (PCoA) plot of microbial community changes 
over time in QAC-amended biotic and ambient bottle control microcosms. Weighted 
UniFrac beta diversity measurements where PCo1 explains 51.7% of the variance, PCo2 
explains 17.2%, and PCo3 explains 10.7%. 
  
Comparing Weighted UniFrac (Figure 4-6A) results with Unweighted UniFrac 
(Figure 4-7A) provides insight on whether rare organisms are driving the shift seen 
between AQ and BC. Weighted UniFrac accounts for the abundance of observed 
organisms, weighting phylogenetic tree branch lengths by the abundances and thus 
emphasizing dominant microorganisms. Unweighted is based on presence or absence of 
organisms and generally emphasizes minor microogranisms. With Weighted UniFrac 
there is a visible monotonic clustering correlated with time along PCo1. This temporal 
trend is also seen along PCo1 for Unweighted UniFrac. While there is clustering between 
the two reactor types along PCo2 for Weighted UniFrac, a separation is seen, however, 
for Unweighted UniFrac. The results show a divergence between AQ and BC due to rarer 




Figure 4-7. Principal coordinate analysis (PCoA) plot of microbial community changes 
over time in QAC-amended biotic and ambient bottle control microcosms. Unweighted 
UniFrac beta diversity measurements where PCo1 explains 19.9% of the variance, PCo2 




Table 4-1.  Spearman's rank correlation coefficient (rho) of Mantel tests between beta diversity distance matrices for 
AQ and the dissimilarity matrix of experimental parameters 
Beta Diversity “Temperature” P-value1 “QAC concentration” P-value1 “Sample operating day” P-value1 
Bray-Curtis 0.3962 0.042 0.86 0.002 0.86 0.001 
Weighted UniFrac 0.4452 0.029 0.947 0.003 0.947 0.002 





 A portion of the microbial community in Mississippi River water has the 
capability to aerobically degrade QACs at low concentrations, which supports the general 
conclusions of previous research that QACs are aerobically biodegradable in the 
environment.42,52,117 As far as we are aware, the work presented here is the first to 
evaluate this phenomenon in river water considering a subset of the native microbial 
population and at QAC concentrations of tens of µg/L. There was relatively rapid 
depletion of the mixture of 3 different QAC classes after sequential spikes in spite of 
methanol addition with the first two QAC amendments. While several antibiotic 
resistance genes were detected in microcosms, there was no clear connection between 
exposure to low QAC concentrations and increase in gene abundance. Based on 
community analysis, the bacterial communities cluster and separate based on microcosm, 
and both AQ and BC undergo temporal shifts throughout the experiment. The difference 
between Bray-Curtis and Weighted UniFrac results suggests that even though the 
community compositional difference is large between the amended biotic and bottle 
control microcosms, there is not a large phylogenetic difference. The QAC amendment 
caused a compositional difference but not significant ecological drift considering 
phylogeny. It seems that bacteria that were phylogenetically similar to the predominant 
bacteria in the control microcosms were eventually enriched based on these beta-diversity 
measurements. Comparing Weighted UniFrac with Unweighted UniFrac demonstrates 
that rarer (i.e. less dominant) ASVs account for the separation seen between the QAC 
amended and ambient bottle control microcosms, which could be due to the methanol.   
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Chapter 5. Conclusions  
5.1 Summary 
Because organic chemicals found in frequently used consumer, personal care, 
industrial, and health products continue to be detected in surface waters, alarm has been 
raised within the scientific community as well as by the general public about the impacts 
of these contaminants of emerging concern on ecosystem and human health. This 
dissertation expands understanding of attenuation pathways within engineered and 
natural systems for contaminants of emerging concern like pharmaceuticals and 
surfactants/biocides. The work presented in this dissertation provides concrete metrics on 
the photochemical and microbiological fate of a variety of CECs and the data produced 
can be used to better understand their fate as well as guide any future regulatory 
decisions.   
The second chapter of this work explored direct and indirect photolysis of 
frequently detected pharmaceuticals within the context of wastewater disinfection. In 
particular, it evaluated the potential to use NO2- generated from partial 
nitritation/anaerobic ammonium oxidation, an anaerobic nitrogen removal process that 
has gained interest due to the prospect of energy-savings, to generate radicals such as 
hydroxyl radical upon absorption of UV or sunlight. The incomplete removal of many 
pharmaceuticals during conventional and anaerobic wastewater treatment has been 
documented. Hydroxyl radical is a potent oxidant and could be harnessed to breakdown 
pharmaceuticals. This work demonstrated a de-facto advanced oxidation process could be 
devised through theoretical unit process modifications. Nitrite generated sufficient 
hydroxyl radical to break down the pharmaceuticals. About one half-life was achieved 
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within 2 hours for wavelengths greater than 280 nm with indirect photolysis dominating 
while about 2 half-lives were achieved within an hour for wavelengths greater than 220 
nm with direct and indirect photolysis factoring in pharmaceutical losses. Nitrosamines 
were generated in the process, however, with modeling suggesting there is a risk for high 
nitrosamine accumulation.  
The third chapter looked at the direct and indirect photolysis of widely used 
quaternary ammonium compounds (QACs) in surface water, a topic that had previously 
not been extensively explored. The roles of various photochemically produced reactive 
intermediates were evaluated through a series of model sensitizer and quencher 
experiments under simulated sunlight. Hydroxyl radical was determined to play an 
important role in the photochemical fate of the QACs studied though one QAC, 
benzethonium, also underwent direct photochemical degradation. Bimolecular reaction 
rate constants were calculated for the QACs and hydroxyl radical under simulated 
sunlight for the sensitized experiments as well as for experiments conducted in actual 
river water. To verify the transferability of laboratory results, outdoor photolysis was 
carried out in river water. The results demonstrated and validated that reaction with 
hydroxyl radical is a major controlling factor in the photochemical fate of QACs. Though 
bimolecular reaction rate constants calculated from laboratory and outdoor experiments 
showed that QACs readily and rapidly react with hydroxyl radical at or near diffusion 
controlled rates, estimated photochemical half-lives are on the order of weeks to months. 
The half-lives, which could be considered lower bound estimates based on assumptions 
of hydroxyl radical steady-state concentration and sunlight exposure, point to the relative 
persistence of QACs in the aquatic environment if only abiotic degradation is considered.  
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The fourth chapter investigated the biotransformation of a sub-inhibitory mixture 
of three QACs. While aerobic biodegradation has been explored over the years, there was 
a need to reevaluate the topic because previous work on degradation in an environmental 
context has involved enrichment of QAC-resistant degraders from sediment and soil and 
focused mostly on BACs. The concentrations used in these studies were also higher than 
what has been detected in surface waters. The study presented in Chapter 4 looked at a 
mixture of QACs, in particular at low environmentally relevant concentrations, and the 
impact on a subset of a native river water microbial population not enriched from 
contaminated soil or sediment and maintained on QACs. Furthermore, it was of interest 
to consider whether short term, low-level exposures resulted in an increase in antibiotic 
resistance genes or in substantial microbial community compositional changes as a means 
of delving into the ecotoxicological risks QACs allegedly pose. Results demonstrated that 
low concentrations of QACs are transformed over multiple exposures. There was no 
statistically significant and lasting impact on presence of antibiotic resistance genes 
between river microcosms amended with QAC mix and those that were not. Exposure to 
the QAC mix did induce community compositional changes (based on beta diversity as 
measured by Bray-Curtis dissimilarity) though it is as of yet unclear whether this is the 
result of the QACs themselves or if methanol present in the initial dosing of the QAC mix 
was a confounding factor due to a stimulating affect.   
5.2 Recommendations and future work  
The results presented in this dissertation can be used to inform treatment and 
regulatory decisions with regard to curtailing the release of CECs in the environment as 
well as evaluating the overall risk to ecosystem health and impact on public water 
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supplies. Additionally, this work points towards the possibility of construction and use of 
shallow treatment wetlands as a polishing step to enhance the removal of the studied 
compounds from wastewater effluents prior to discharge into surface or groundwater. 
Future work involving field and pilot studies could be useful, especially for compounds 
that are photolabile and biodegradable.  
Future work on the role of reactive nitrogen species generated from nitrite 
photolysis might be worth investigating. While hydroxyl radical – based on bimolecular 
reaction rate constants and steady-state concentrations – might be of relative greater 
importance in degradation of certain CECs depending on presence of scavengers and 
sinks, reactive nitrogen species like NO2 could play a part, in particular for compounds 
with electron-rich moieties. Additionally, nitrite photolysis potentially generates nitrated 
or nitrosated transformation products (as demonstrated with formation of nitrosamines in 
chapter 2) that could be more toxic compared to the parent compound.206 Identification of 
pharmaceutical transformation products in this setting would be useful from a public 
health perspective to ensure products are not more toxic, mutagenic, and carcinogenic. 
Assessing the biodegradability of these transformation products to confirm whether they 
are more or less biodegradable than the parent compounds would also be informative. 
Moreover, there is a paucity of research on nitrosamine formation from nitrite photolysis. 
A better understanding is needed of precursors and rates and mechanism of formation in 
order to mitigate nitrosamine formation. 
Anaerobic degradation of QACs has largely been considered to be very limited to 
nonexistent. With recent work tracking and quantifying QAC concentrations in sediment 
cores over a decade apart in sampling time, in situ degradation was observed for ATMAC 
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and BAC while DADMAC was concluded to be recalcitrant.162 The time scale of 
anaerobic degradation for shorter alkyl chain homologues of ATMAC was on the order 
of several hundred days in sludge.25 Longer term research tracking the anaerobic 
degradation of QACs like ATMAC and BAC, determining mechanisms, and studying the 
microbial communities and benthic organisms in sediments where QACs accumulate 
would fill gaps in knowledge on their chronic environmental impact.   
While biodegradation/biotransformation and photolysis of QACs have been 
investigated separately, a combined study on the co-occurrence of microbiological and 
photochemical transformation could give a better picture of the overall fate of QACs, 
teasing out parallel and consecutive processes. It is conceivable that for certain QACs 
phototransformation could affect their biodegradation potential. The interplay between 
photolysis and biodegradation could especially be of interest when evaluating the 
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Appendix A.  Supplementary Information for Chapter 2 
 
Table A-1. Target Pharmaceuticals Used in the Study 
Compound Therapeutic Class Molecular Structure 
Carbamazepine Anticonvulsant 
 


























Table A-2. Water quality parameters of the effluent used in photochemical study 
Water Quality Parameter Method Effluenta 
Nitrite (NO2- mg-N/L) Metrohm ion chromatograph 0.0146 
Nitrate (NO3- mg-N/L) Metrohm ion chromatograph 9.311 
Ammonia (NH3 mg-N/L) Hach colorimetric test kit 7 
Dissolved organic carbon (DOC mg-C/L) Shimadzu TOC-L analyzer 4.151 
Dissolved inorganic carbon (DIC mg-C/L) Shimadzu TOC-L analyzer 46.27 
pH Thermo Orion pH meter 7.5 




Figure A-1. Molar absorptivity of pharmaceuticals, probe, and actinometer on a per 
wavelength basis (right y-axis); radiated energy in watts of mercury vapor lamp per lamp 
centerlines (left y-axis); absorption spectra of matrices (inset).
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A.1 Analytical Methods 
 
Table A-3. RP-HPLC Methods for Pharmaceuticals, Probe, and Actinometer 













(4.6x150 mm, 3.5 μm) 
45% Acetonitrile 
55% Phosphate Buffer 
(10mM; pH3; 10% 
ACN) 
40 1.0 238 
Atenolol Eclipse XDB-C18 (4.6x150 mm, 5.0 μm) 
5% Acetonitrile 
95% 0.1% (v/v) 
phosphoric acid 
90 1.0 224 
Carbamazepine Eclipse XDB-C18 (4.6x150 mm, 3.5 μm) 
65% Acetonitrile 
35% Phosphate Buffer 
(10mM; pH3; 10% 
ACN) 
50 1.0 290 
Trimethoprim Eclipse XDB-C18 (4.6x150 mm, 3.5 μm) 
90% Acetonitrile 
10% Phosphate Buffer 
(10mM; pH3; 10% 
ACN) 
100 1.0 274 
Fluoxetine  Eclipse XDB-C18 (4.6x150 mm, 3.5 μm) 
65% Acetonitrile 
35% Phosphate Buffer 
(10mM; pH3; 10% 
ACN) 
40 1.0 230 
Atrazine 
Supelco Discovery RP-
Amide C16 (15 cmx4.6 
mm, 5 μm) 
50% Acetonitrile 
50% 0.1% (v/v) 
phosphoric acid 
35 1.0 220 
aColumns were at room temperature (~20 °C) except for atenolol (maintained at 30 °C) 
 
A.1.2 Total N-Nitrosamine (TONO) Analysis 
TONO analysis followed the method of Kulshrestha et al.150 All samples were 
diluted to 200 mL (4-fold dilution) and quenched with 2 g/L of sulfamic acid overnight 
(to prevent nitrite interference) prior to solid phase extraction (SPE). Tandem SPE 
(activated carbon and Oasis HLB) was performed and the extracts combined and 
concentrated on a rotary evaporator and via N2 blow down to concentrate the final 
samples to 1 mL in methanol. The limit of quantification (LOQ) for the original samples 
was 10 ng/L as nitrosodimethylamine (NDMA). A lab blank control and positive control 
were also performed for quality assurance. The final concentration is an average of two 







Table A-4. Pseudo-first-order reaction rate constants for direct photolysis controls 
(kdir) and experiments with synthetic matrix (ksw) and amended effluent (keff) for λ ≥ 
280 nm a  





Carbamazepine 5.31±0.39×10-4 5.28±0.26×10-3 5.34±0.50×10-3 
Trimethoprim 8.38±2.34×10-4 5.62±0.13×10-3 5.17±0.26×10-3 
Fluoxetine 1.43±0.10×10-3 5.84±0.47×10-3 7.07±0.29×10-3 
Atenolol 6.84±0.66×10-4 5.23±0.68×10-3 7.50±0.31×10-3 
pCBA 2.01±0.18×10-4 2.75±0.08×10-3 2.81±0.09×10-3 
aErrors are 95% confidence intervals.  
 
Table A-5. Pseudo-first-order reaction rate constants for direct photolysis controls 
(kdir) and experiments with synthetic matrix (ksw) and amended effluent (keff) λ ≥ 220 
nm a  





Carbamazepine 1.08±0.02×10-2 1.40±0.04×10-2 1.37±0.01×10-2 
Trimethoprim 3.78±0.22×10-2 1.23±0.08×10-2 1.20±0.10×10-2 
Fluoxetine N/A N/A N/A 
Atenolol 1.39±0.21×10-2 1.10±0.23×10-2 1.93±0.03×10-2 
pCBA 4.72±0.14×10-2 1.64±0.05×10-2 1.48±0.03×10-2 
aErrors are 95% confidence intervals.  
 
A.3 Screening Factors: 
Screening factors (Si_j) were calculated following McCabe and Arnold and 
Karpuzcu, et al.84,100 as the ratio of light absorption rates (Ra) in pharmaceutical or probe 
(species i) solutions with and without screening species (j) present (i.e., comparing the rate 
of light absorption of compound in buffer versus effluent) over a range of wavelengths λ. 
The screening factors help to attribute differences in observed photolysis rates to: 1) 
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physical screening due to absorption of light otherwise available for direct photolysis by 



















Where 𝑀𝑀𝜆𝜆 (𝑛𝑛𝐸𝐸𝐸𝐸 𝑐𝑐𝑛𝑛−2𝑠𝑠−1) is the spectral photon fluence rate derived from 
actinometry, 𝑧𝑧 = 1.12 𝑐𝑐𝑛𝑛 178 is the effective light path length in the 13×100 mm quartz 
test tubes accounting for reflection and refraction, 𝑎𝑎𝜆𝜆(𝑐𝑐𝑛𝑛−1) is the light attenuation 
coefficient (measured absorbance in a quartz cuvette with path length 1 cm)). Values for 
Si_j are between 0 and 1, with 0 indicating no light is absorbed by species i (i.e., all light 
absorbed by screening species j), and 1 indicating no light is screened by species j. 
Tabulated screening factors are presented below in Table A-6. 
Pseudo-first-order rate constants for direct photolysis in buffer in the λ≥220 nm 
experiments were corrected by multiplying by the respective Si_j as illustrated in equation 
25. 
 𝑘𝑘𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎,𝑐𝑐𝑛𝑛𝑎𝑎𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎𝑛𝑛𝑑𝑑′ = 𝑘𝑘𝑑𝑑𝑛𝑛𝑎𝑎𝑛𝑛𝑐𝑐𝑎𝑎′ × Si_j (25) 
 
Table A-6. Light Screening Correction 
Factors 
Compound Si,j,nit Si,j,eff 
Carbamazepine 0.735 0.625 
Trimethoprim 0.665 0.563 
Fluoxetine 0.480 0.405 
Atenolol 0.628 0.525 
pCBA 0.464  0.376 
 134 
 
A.4 Additional Figures: 
 








Figure A-4. Second-order reaction rate constants with hydroxyl radical. 
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Appendix B.  Supplementary Information for Chapter 3 
B.1 Experimental Section 
B.1.1 Materials and Methods 
B.1.1.1 Absorption spectra 
  








B.1.1.2 Chemicals and reagents.  











m (ATMA) Bromide  
C12-
Dialkyldimethylammoniu
m (DADMA) Bromide  
 
B.1.1.3 River water sample collection and analysis 
Table B-2. Water quality parameters of the Mississippi river water used in 
photochemical study 
Water Quality Parameter Method 6/5/18 2/27/19 
Nitrite (NO2- mg of N/L) Metrohm ion chromatograph <0.1 <0.1 
Nitrate (NO3- mg of N/L) Metrohm ion chromatograph 0.7 0.8 ± 0.1 
Dissolved organic carbon (NPOC mg-C/L) Shimadzu TOC-L analyzer 9.8 9.2 
Dissolved inorganic carbon (DIC mg-C/L) Shimadzu TOC-L analyzer 32 39 
pH Thermo Orion pH meter 8.5 ± 0.1 8.2 
 
B.1.1.4 Analytical methods 
Concentrations of BACs and BZT were measured by high-pressure liquid 
chromatography (HPLC) on an Agilent 1100 LC with a variable wavelength detector set 
at 210 nm with 50 μL injection volume. An Eclipse XDB column (4.6 × 150 mm, 3.5 or 5 
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μm, Agilent) was used with isocratic mixtures of methanol and 10 mM ammonium 
acetate with 0.1% glacial acetic acid or formic acid and 10% methanol at a flow rate of 1 
mL min-1. 
 
Table B-3. RP-HPLC Methods 










mm, 3.5 μm) 
90% 9:1 methanol:10mM 
ammonium acetate with 0.1% 
acid 
10% 9:1 10mM ammonium 
acetate with 0.1% 
acid:methanol 




mm, 3.5 μm) 
95% 9:1 methanol:10mM 
ammonium acetate with 0.1% 
acid 
5% 9:1 10mM ammonium 
acetate with 0.1% 
acid:methanol 




mm, 3.5 μm) 
90% 9:1 methanol:10mM 
ammonium acetate with 0.1% 
acid 
10% 9:1 10mM ammonium 
acetate with 0.1% 
acid:methanol 




mm, 3.5 μm) 
45% acetonitrile 
55% 10mM pH3 phosphate 
buffer with 10% acetonitrile 




mm, 3.5 μm) 
65% acetonitrile 
35% 10 mM pH 3 phosphate 
buffer with 10% acetonitrile 




mm, 3.5 μm) 
10% acetonitrile 
90% 10mM pH3 phosphate 
buffer with 10% acetonitrile 
35 1.0 219 
aColumns were at room temperature (~20 °C) 







B.1.2 Photochemical experiments: simulated and outdoor photolysis in river water 
Table B-4. Rooftop experiment dates and times 
Date Time out Time in Cumulative Hours 
6/28/18 12:04 PM 5:00 PM 4.9 
6/29/18 10:09 AM 3:40 PM 10.5 
7/2/18 10:00 AM 3:50 PM 16.3 
7/5/18 12:00 PM 5:00 PM 21.3 
7/6/18 11:30 AM 5:00 PM 26.8 
 
Table B-5. SMARTS inputs 
Parameter Value Units 
Site pressure Calculated from latitude and altitude  
Latitude  44.975 decimal degrees (DD) 
Altitude 0.262128 km 
Height 0  
Default atmosphere Mid-latitude summer  
Water vapor Calculated from reference atmosphere and altitude 
 
Ozone abundancea 0.3125 atm-cm 
Ozone column altitude 
correction Vertical profile correction 
 
Gaseous absorption Light pollution  
Carbon dioxideb Mauna Loa daily or weekly averages ppm 
Extraterrestrial spectrum 1366.1 Wm-2 
Aerosol model Shettle and Fenn rural  
Aerosol optical depth at 500 nm 0.1  
Albedo Light soil   
Tilt 30 degrees 
Surface azimuth 218 degrees SW 
Solar constant 1361 Wm-2 
Longitude  -93.233611 DD 
aAverage value from Apell and McNeill (2019)207 for June and September at 40° N and 50° N (converted 




B.2 Results and Discussion 




Figure B-2. Log plot of pCBA concentration over time in H2O2 sensitizer experiments 
for: A) C12-BAC, B) BZT, C) C14-BAC, D) C12-ATMA, E) C12-DADMA. Squares are 
direct photolysis controls, circles are hydrogen peroxide, triangles are dark controls, and 
upside down triangles are IPA quenched controls.   
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Table B-6. Steady-state hydroxyl radical concentrations in 
experiments with hydrogen peroxide.a 
QAC [OH]ss (M) 
C12-DADMA (1.17 ± 0.03) x 10-13 
C12-BAC (5.0 ± 0.5) x 10-14 
C14-BAC (2.6 ± 0.2) x 10-14 
BZT (6.4 ± 0.2) x 10-14 
C12-ATMA (4.3 ± 0.1) x 10-14 
aErrors represent 95% confidence intervals 
 
B.2.2 Assessing reactivity with other PPRIs 
 
Figure B-3. Log-concentration over time of: C12-BAC (A) and FFA (B) under simulated 
sunlight in phosphate buffer (Direct, pink squares), with rose bengal (RB, red circles), 
dark control (orange triangle), histidine quenched control (light orange upside down 





Figure B-4. Log-concentrations over time of: BZT (A) and furfuryl alcohol (B) under 
simulated sunlight in phosphate buffer (Direct, green squares), with rose bengal (RB, 
light blue circles), dark control (Dark, dark blue triangle), histidine quenched control 
(His, purple upside down triangle).  
 
Additional experiments in which 10 µM BZT was spiked into 6 mL buffer and 
then BZT and 2 µM of RB were spiked into 6 mL buffer and 6 mL river water and 
wrapped in foil and kept on the bench top under ambient conditions. These tests showed 
2% decrease in BZT concentration over 5 days alone in buffer, 20% decrease in buffer 







Figure B-5. Log-concentration over time of: BZT (A) and FFA (B) under simulated 
sunlight in phosphate buffer (Direct, pink squares), with 2-acetylnaphthalene (2AN, red 
circles), dark control (orange triangle), histidine quenched control (light orange upside 
down triangle), deoxygenated control (yellow diamond), and sorbic acid quenched 
deoxygenated control (green left triangle).  
 
Table B-7. Pseudo-first-order rate constants, kobs (s-1), for FFA irradiated under 
simulated sunlight in singlet oxygen sensitizer experiments and singlet oxygen steady-
state concentrations, [1O2]ss (M)a 
 FFA with BZT FFA with C12-BAC 
Sample kobs  [1O2]ss kobs  [1O2]ss 
Direct N/A N/A (1.2 ± 0.5) × 10-6 (10 ± 4) × 10-15 
2-acetylnaphthalene (3.06 ± 0.08) × 10-4 (2.62 ± 0.05) × 10-12 N/A N/A 
Rose Bengal N/A N/A (4.5 ± 0.8) × 10-4 (3.9 ± 1.2) × 10-12 
Dark (0.2 ± 0.3) × 10-6 (2 ± 2) × 10-14 (5 ± 3) × 10-6 (4 ± 3) × 10-14 
Histidine (1.2 ± 0.3) × 10-5 (1.1 ± 0.3) × 10-13 (2.3 ± 0.3) × 10-5 (2.0 ± 0.3) × 10-13 
Deoxygenated (2.4 ± 0.1) × 10-4 (2.03 ± 0.05) × 10-12 (3.1 ± 0.8) × 10-5 (2.7 ± 0.7) × 10-13 
Deoxygenated with 
sorbic acid (1.6 ± 0.1) × 10
-5 (1.4 ± 0.1) × 10-13 N/A N/A 
aError bars represent 95% confidence intervals 
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B.2.2 Photochemical transformation of BACs & BZT in river water under simulated 
and natural sunlight 
Table B-8. Pseudo-first-order rate constants, kobs (h-1) a, for QACs irradiated under 
simulated sunlight  
 BZT C12-BAC C14-BAC 
MRW (9.7 ± 0.3) × 10-2 (2.9 ± 0.4) × 10-2 (2.8 ± 0.6) × 10-2 
MRWcorr (2.0 ± 0.3) × 10-2 - - 
Direct (7.2 ± 0.7) × 10-2 (2 ± 1) × 10-3 (-6 ± 3) × 10-3 
IPA (7.7 ± 0.4) × 10-2 (1.7 ± 0.3) × 10-3 (5 ± 3) × 10-3 
Dark (6 ± 2) × 10-2 (-2 ± 3) × 10-3 (3 ± 3) × 10-3 





Figure B-6. Logarithmic plots of BZT (A), C12-BAC (B), and C14-BAC (C) solar 
simulator photolysis versus actinometer loss in phosphate buffer (Direct, black squares), 
Mississippi River water (MRW, red circles), MRW dark controls (Dark, blue diamonds), 
and MRW with 1% isopropanol (IPA, green upside down triangles). Purple diamonds are 
MRW time points corrected for direct photolysis to show BZT indirect photochemical 




Figure B-7. Logarithmic plots of BZT (A), C14-BAC (B), and C12-BAC (C) natural 
sunlight photodegradation versus actinometer loss in phosphate buffer (Direct, red 
squares), Mississippi River water (River water, blue circles), river water with 1% 
isopropanol (Quenched, yellow triangles), river water dark controls (Dark, green upside 
down triangles), total photochemical loss in river water minus other abiotic losses 





Figure B-8. Log-log plot of BZT versus PNAP for solar simulator (solid symbols) and 
natural sunlight (open symbols) quantum yield determinations in river water. Solid and 




B.3 Additional tables and figures 
B.3.1 Photochemical transformation of BACs & BZT in river water under simulated 
and natural sunlight 
 
Figure B-9. Logarithmic plot of pCBA loss over time in river water solar simulator 
experiments for: A) BZT, B) C12-BAC, and C) C14-BAC. Black squares are direct 
photolysis controls, red circles are river water samples, blue triangles are dark controls, 
and green triangles are IPA quenched controls. 
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Figure B-11. Bar chart of QAC half-lives.  
 
B.3.2 Half-life estimate 
 
 𝑘𝑘𝑐𝑐 = 2.303Φ𝑐𝑐 ∑ (𝜀𝜀𝜆𝜆,𝑐𝑐𝐼𝐼𝜆𝜆𝜆𝜆 ) (26) 
 𝑖𝑖1/2 =  
𝑙𝑙𝑛𝑛(2)
𝑘𝑘𝑖𝑖
 (27)  
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Appendix C.  Supplementary Information for Chapter 4 
C.1 Water Quality 
 Mississippi River water had an initial dissolved organic carbon of 9.85 ± 0.08 mg-C/L 
and pH of 8.10 ± 0.02 (error bars represent one standard deviation of the average of 
duplicate measurements).  
C.2 Taxonomy 
 
Figure C-1. Taxonomic bar chart showing the genus level shifts with (AQ) and without 
(BC) QAC amendment over 62 days. 
 
The predominant genera in the river water and in amended (AQ) and bottle 
control (BC) microcosms are shown in the figure above. The dominant population (17 – 
 153 
27%) in the river water was an unknown Burkholderiaceae-like ASV. After 8 days, the 
amended microcosms saw an increase in Prosthecobacter (30 – 35%). Prosthecobacter 
have been reported to thrive in low-nutrient environments, cannot utilize methanol as a 
carbon source, and ammonium can be used as the sole nitrogen source if appropriate 
vitamins and an organic carbon source are provided.208,209 Over time, cyanobacteria were 
enriched in the microcosms. At day 27, Prosthecobacter appeared to outcompete 
unknown Cyanobacteria. Later Pseudanabaena PCC-7429, another cyanobacteria that are 
obligate photoautotrophs and lack N2-fixing ability, became dominant.  
 
C.3 Beta diversity 
Table C-1. Spearman's rank correlation coefficient (rho) of Mantel 
tests between beta diversity distance matrices and the dissimilarity 
matrix of experimental parameters 
Beta Diversity Reactor type (AQ, BC) P-value1 
Bray-Curtis 0.4212 0.002 
Weighted UniFrac 0.4212 0.001 
1Levels of statistical significance based on 999 free permutations. 
 
Table C-2. Spearman's rank correlation coefficient (rho) of Mantel tests between beta 
diversity distance matrices for BC and the dissimilarity matrix of experimental 
parameters 
Beta Diversity “Temperature” P-value1 “Sample operating day” P-value1 
Bray-Curtis 0.539 0.005 0.9271 0.002 
Weighted UniFrac 0.4926 0.018 0.9344 0.001 






Table C-3. Results of PERMANOVA (Adonis) to test statistical significance of 
amendment and date on microbial community beta diversity 
 “Reactor Type” (i.e. AQ or BC) “Sample operating day” 
Distance matrix R2adonis Padonis1 Pbetadisp1 R2adonis Padonis1 Pbetadisp1 
Bray-Curtis 0.18443 0.001 0.986 0.21639 0.001 0.651 
Weighted 
UniFrac 
0.18443 0.001 0.989 0.21639 0.001 0.66 





Table C-4. Results of PERMANOVA (Adonis) to test statistical significance of amendment concentration, 
temperature, and date on AQ microbial community beta diversity 
 “QAC concentration” “Temperature” “Sample operating day” 
Distance matrix R2adonis Padonis1 Pbetadisp1 R2adonis Padonis1 Pbetadisp1 R2adonis Padonis1 Pbetadisp1 
Bray-Curtis 0.37994 0.001 0.009 0.23228 0.035 0.01 0.21639 0.001 0.017 
Weighted UniFrac 0.62345 0.002 0.077 0.18145 0.183 0.083 0.64753 0.001 0.087 





Table C-5. Post hoc pairwise comparisons (Adonis) to test statistical significance of  
“Reactor Type” (i.e. AQ vs. BC) on microbial community beta diversity 
Distance matrix R2adonis Padonis1 Padjusted1 
Bray-Curtis 0.2305451 0.001 0.001 
Weighted UniFrac 0.2305451 0.001 0.001 
1Levels of statistical significance based on 999 free permutations. 
 
Table C-6. Post hoc pairwise comparisons (Adonis) to test statistical significance of  
“Sample operating day” on microbial community beta diversity for AQ and BC 
Post hoc 
comparisons 
Bray-Curtis Weighted UniFrac 
Pairwise 
comparisons 
R2adonis Padonis1 Padjusted1 R2adonis Padonis1 Padjusted1 
63 vs. 8 0.4648773 0.002 0.012 0.4648773 0.007 0.042 
63 vs. 27 0.2909020 0.015 0.090 0.2909020 0.019 0.114 
63 vs. 62 0.5311901 0.037 0.222 0.5311901 0.029 0.174 
8 vs. 27 0.2761345 0.011 0.066 0.2761345 0.012 0.072 
8 vs. 62 0.5793083 0.005 0.030 0.5793083 0.009 0.054 
27 vs. 62 0.4137114 0.005 0.030 0.4137114 0.007 0.042 
1Levels of statistical significance based on 999 free permutations. 
 
 
C.4 Differentially Enriched Taxa 
 Comparing the amended and bottle control microcosms overall, several phyla saw 
an increase in abundance (Figure C-2). In particular, Proteobacteria of the genus 
Methylophilus, Verrucomicrobia of the genus Prosthecobacter, Cyanobacteria of the 
genus Pseudanabaena PCC-7429, Planctomycetes of the genus SM1A02, as well as 
uncharacterized Proteobacteria and Verrucomicrobia.  
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Figure C-2. Differentially enriched taxa comparing between bottle control and amended 
microcosms over the entirety of the experiment  
 
